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Summary

Mercury (Hg) is an important pollutant in soils and sediments and its species are highly
toxic for humans. Soil components such as minerals and dissolved organic carbon (DOC)
provide binding sites for Hg species. The amount and the chemical structures of the bind-
ing sites determine the concentration of dissolved Hg in soil solution which is furthermore
influenced by several parameters including redox potential (Ey), pH value, amount of
DOC, chemistry of sulfur (S), chloride (CI'), and iron (Fe). The impact and relative im-
portance of these parameters on the mobility and speciation of Hg is not fully understood.
This is particularly true for floodplain soils where flooding induces substantial biogeo-
chemical changes affecting Hg mobilization. Amendments can be used to immobilize dis-
solved Hg species including highly toxic methylmercury (MeHg).

Therefore, the general objective of this work was to systematically and experimentally
quantify the impact of flooding events with their associated Ey and pH changes on the re-
lease of Hg: and the release and formation of Hg species. Furthermore, the capability of
different amendments such as biochars and sugar beet factory lime (SBFL) to impede Hg
mobilization and to hamper the formation of MeHg and ethylmercury (EtHg) was exam-
ined. The presence of sulfate-reducing bacteria (SRB) as important Hg methylators was
investigated via quantification of specific phospholipid fatty acids (PLFAS).

The approach of the current thesis is based on laboratory experiments utilizing biogeo-
chemical microcosms to simulate flooding and on a field study conducted by means of soil
hydrological monitoring stations. By this it was aimed to verify whether results gained by
the laboratory experiments are in accordance with those achieved in the field study.
Contaminated Wupper River floodplain soil was flooded in the course of the microcosm
experiments. In a first microcosm experiment mobilization of Hg; and the release and for-
mation of MeHg and EtHg in the contaminated soil (CS) was studied as well as the impact
of the amendments biochar based material (BC) and sugar beet factory lime (SBFL) on
these processes. Released Hg; concentrations of CS were very high (5.4-41.9 ug/l). Biochar
based material and SBFL as amendments for CS proved to be appropriate to diminish the
Hg: mobilization even under dynamic redox conditions. SBFL efficiently reduced soluble
Hg: of CS by 65% while BC resulted in a reduction by 21%. No perceivable influence of
BC and SBFL on MeHg and EtHg concentrations was detected. The higher methylation
efficiency in CS+SBFL indicated by the MeHg/Hg; ratio counterbalanced the benefit of
lower Hg; release. The stimulation of microbial growth including SRB by SBFL deduced
from PLFA abundances appears to be the reason for this finding. In general, the mobiliza-
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tion of Hg, MeHg, and EtHg decreased with increasing Ey irrespective of soil treatment. A
strong positive correlation between Hg; and DOC was found in CS and CS+BC probably
based on the strong interaction of Hg with thiol groups of DOC. Furthermore, Hg; correlat-
ed positively with pH and SO, and negatively with Fe, Mn, and PO,> (in CS solely).
There was no apparent effect of CI" on Hg mobility. With SBFL as amendment such corre-
lations were not observed which can be explained by the efficient Hg adsorption to the
lime’s high content in calcium carbonate. However, EtHg correlated well with Hg; and
MeHg in CS+SBFL. Canonical discriminant analysis (CDA) clearly corroborated the find-
ing that both amendments, BC and SBFL, significantly changed the soil‘s biogeochemistry
with SBFL provoking a more pronounced and distinct change.

The addition of pine cone biochars produced via pyrolysis at 200 °C (BC200) and 500 °C
(BC500) to CS in the course of the second microcosm experiment showed little impact on
the release of Hg; and on the release and formation of MeHg and EtHg. However, under
highly reduced conditions at a redox potential around -110 mV, Hg; concentrations were
considerably lower in treatments with BC200 (16 pg/l) and BC500 (14 pg/l) compared to
CS (28 pg/l). Similar results were found at a E of -122 mV when biochar based material
(BC) was used to immobilize Hg:. The redox potential correlated negatively with pH in the
slurry of CS and also of biochar amended CS. For CS a significant positive correlation
between Hg: and pH and a strong negative relationship between Hg; and Ey was deter-
mined. The alteration of Ey resulted in a substantial Hg; release from CS with Hg; concen-
trations between 1.8-52.0 pg/l which exceed those in natural fresh water systems by far.
Besides Hg; also EtHg correlated negatively with Ey while the concentrations of MeHg did
not correlate with Ey. EtHg concentrations appear closely related to Hg; concentrations.
Interestingly, Hg methylation in CS and the treatments was determined at higher Ey than
expected, i.e. between -50 mV and 100 mV. Correspondingly, we observed a decline in the
S04 to CI ratio as an indicator of SO, reduction by Hg methylating SRBs. Ethylmercury
patterns compared between CS and the treatments differed only slightly pointing at best to
a weak influence of the biochars on EtHg dissolution/formation. A significant relationship
between pH and MeHg concentrations was found exclusively for CS+BC500. Increased
pH correlated positively with MeHg. Positive correlations between Hg; and DOC were
found for CS and the treatments with BC200 and BC500. Total Hg concentrations in CS
and the treatments were negatively correlated with CI.

The field study was conducted at the Saale-Elbe confluence by establishing two soil hydro-

logical monitoring stations. The data gathered from this field study are difficult to inter-
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pret. It was observed that rising water levels during flooding result in fast and significant
En changes which, however, did not exhibit a direct impact on Hg(ll) concentrations. Pos-
sibly, the alterations were too fast to attain respective Hg adsorption/desorption equilibria.
Another problem is that Hg(Il) concentrations in precipitation samples were in the same
range as those from soil solutions obtained from different depths of the Saale 1 and 2 sites.
Consequently, the origin of Hg(ll) in the soil solution samples which can be either precipi-

tation or soil derived remains unclear.

The main conclusions are: (1) Results from the laboratory and field studies show that
flooding events and their associated geochemical alterations including concomitant Ey
reductions result in higher Hg mobilization. (2) Soil amendments are suitable to immobi-
lize dissolved Hg:. However, SBFL was more efficient in this respect than the tested bio-
chars. It has to be examined whether this is also true for different soils and conditions, in
particular in acidic or high salt environments. (3) Phospholipid fatty acid profiles indicate
that SRB were the primary Hg methylators in the microcosm experiments and that SRB are
capable to methylate Hg at higher Ens than expected. (4) Ethylation of Hg seems to be
favored at Ey 0 mV.
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Zusammenfassung (Summary in German)

Quecksilber (Hg) stellt eine bedeutsame Kontamination in Boden und Sedimenten dar und
seine Verbindungen sind fiir den Menschen héchst toxisch. Bodenbestandteile wie minera-
lische Komponenten und gel6ster organischer Kohlenstoff (DOC) bieten Bindungsstellen
fir Quecksilberspezies. Anzahl und chemische Struktur verfugbarer Bindungsstellen be-
stimmen die Konzentration von frei gelostem Hg in der Bodenltsung. Sie wird von ver-
schiedenen Parametern wie dem Redoxpotential (Ey), dem pH-Wert und der DOC-Menge
sowie der Konzentration an Chlorid (CI") und Eisen (Fe) beeinflusst. Der Einfluss und die
relative Bedeutung dieser Parameter in Bezug auf die Mobilitat und Speziierung von Hg ist
nur unzureichend bekannt. Dies trifft insbesondere fir Auenboden zu, wo Uberflutungen
zu maligeblichen biogeochemischen Veranderungen im Boden flhren, die die Hg-
Mobilisierung beeinflussen. Bodenzusétze kénnen eingesetzt werden, um geldstes Hg zu
immobilisieren, darunter auch das hochtoxische Methylquecksiber (MeHg).

Die allgemeine Zielsetzung dieser Arbeit war es daher, den Einfluss von Uberflutungen
und der damit assoziierten geochemischen Veranderungen auf die Mobilisierung und Bil-
dung von Hg-Spezies systematisch und experimentell zu untersuchen. Des Weiteren wurde
das Potential von Bodenzusatzen wie Biokohle (BC) und Zuckerribenfabrik-Kalk (SBFL)
untersucht, die Hg-Mobilisierung sowie die Bildung von MeHg und Ethylquecksilber
(EtHg) zu unterdriicken. Das Vorkommen sulfatreduzierender Bakterien (SRB) als bedeu-
tende Hg-Methylierer sollte mittels Quantifizierung spezifischer Phospholipid-Fettséduren
(PLFA) nachgewiesen werden.

Die methodische Vorgehensweise der vorliegenden Dissertation basiert auf Laborexperi-
menten unter Nutzung biogeochemischer Mikrokosmen zur Simulation von Uberflutungen
und auf einer Feldstudie unter Nutzung hydrologischer Messstationen. SchlielRlich sollte
Uberpruft werden, inwieweit Ergebnisse der experimentellen und der Feldstudien mitei-
nander in Ubereinstimmung gebracht werden kénnen.

Kontaminierter Boden aus der Wupper-Uberflutungszone (CS) wurde in Mikrokosmen-
Experimenten unter Simulation einer Uberflutung eingesetzt. In einem ersten Experiment
wurde die Mobilisierung von Hg; sowie die Freisetzung und Bildung von MeHg und EtHg
im kontaminierten Boden (CS) sowie der Einfluss der Zusétze BC (biochar based material)
und SBFL auf diese Prozesse untersucht. Die freigesetzten Hg-Konzentrationen waren
sehr hoch (5.4-41.9 ug/l). BC und SBFL stellten sich als geeignete Zusétze zur Verringe-
rung der Hg-Konzentration selbst unter dynamischen Redoxbedingungen heraus.
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SBFL reduzierte Hg; im CS effizient um 65% wéhrend BC nur zu einer Verminderung um
21% flhrte. Ein deutlicher Einfluss von BC und SBFL auf MeHg und EtHg konnte nicht
verzeichnet werden. Die hohere Methylierungsrate in CS+SBFL, angezeigt durch das ho-
here MeHg/Hg-Verhaltnis, wirkte dem positiven SBFL-Einfluss durch verminderte Hg;-
Freisetzung entgegen. Vermutlicher Hintergrund ist die Stimulation des mikrobiellen
Wachstums einschlie3lich der SRB durch SBFL, welches lber die analysierten PLFA
nachgewiesen wurde. Generell nimmt die Mobilisierung von Hg;,, MeHg und EtHg mit
steigendem Ey unabhéngig von der Bodenbehandlung ab. Eine deutlich positive Korrelati-
on zwischen Hg; und DOC wurde sowohl in CS als auch in CS+BC gefunden, was wahr-
scheinlich auf der starken Interaktion zwischen Hg und Thiolgruppen des DOC beruht.
Weiterhin korrelierte Hg; positiv mit dem pH und SO,* und negativ mit Fe, Mn und PO,*
(nur in CS). Ein offensichtlicher Effekt von CI™ auf die Hg-Mobilitat war nicht nachweis-
bar. Mit SBFL als Zusatz wurden solche Korrelationen nicht beobachtet, was durch die
effiziente Hg-Adsorption an das im SBFL in hohem Anteil vorkommende Calciumkarbo-
nat erklart werden kann. Allerdings korreliert in CS+SBFL Hg: mit MeHg sehr gut. Die
kanonische Diskriminanzanalyse bestétigte den Befund, dass beide Zusdtze — BC und
SBFL — die biogeochemischen Eigenschaften des Bodens signifikant verandert haben, wo-
bei SBFL zu distinkten und deutlicheren Effekten fhrte als BC.

Die Zugabe von Kieferzapfen-Biokohlen, die bei einer Pyrolysetemperatur von 200 °C
(BC200) bzw. 500 °C (BC500) hergestellt und im Verlauf des zweiten Mikro-
kosmenexperimentes verwendet wurden, zeigte nur geringen Einfluss auf die Freisetzung
von Hg; sowie auf die Freisetzung und Formation von MeHg und EtHg. Unter stark redu-
zierenden Bedingungen bei einem E4 von etwa -110 mV waren die Hgi-Konzentrationen in
den Behandlungen mit BC200 (16 pg/l) und BC500 (14 ug/l) deutlich geringer als in CS
(28 ug/l). Bei der Verwendung von BC im Rahmen des ersten Mikrokosmen-Experimentes
wurde ein vergleichbares Ergebnis bei einem Ey von -122 mV erzielt. Das Redoxpotential
korrelierte sowohl in der Aufschl&mmung von CS als auch in den Aufschldmmungen der
behandelten Boden negativ mit den pH-Werten. Flr CS zeigte sich eine positive Korrelati-
on zwischen Hg; und pH und eine deutlich negative Beziehung zwischen Hg; und Ey. Die
Veranderungen des Ey flihrte zu einer betrachtlichen Hgi-Freisetzung in CS mit Hg:-
Konzentrationen zwischen 1,8 und 52,0 pg/l, welche die Konzentrationen in natirlichen
Frischwassersystemen bei weitem berschreiten.

Neben Hg; korrelierte auch EtHg negativ mit dem Ey, wéhrend MeHg-Konzentrationen

nicht mit dem Ey korrelierten. Die EtHg-Konzentrationen scheinen eng mit den Hg-
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Konzentrationen zusammenzuhangen. Interessanterweise fand Hg-Methylierung in CS und
den behandelten Boden unter hoherem Ey statt als erwartet, das bedeutet zwischen -50 mV
und 100 mV. Ubereinstimmend fanden wir eine Absenkung des Sulfat/Chlorid-
Verhaltnisses, welches als Indikator fir Sulfatreduzierung durch Hg-methylierende SRB
herangezogen werden kann. Die Konzentrationsverlaufe von EtHg in CS und den behan-
delten Boden weichten nur geringfligig voneinander ab, was auf einen schwachen Einfluss
der Biokohlen auf die EtHg-Freisetzung oder -Bildung hindeutet. Ein signifikanter Zu-
sammenhang zwischen pH und MeHg-Konzentrationen wurde nur in CS+BC500 detek-
tiert. Der Anstieg des pH korrelierte positiv mit MeHg-Konzentrationen. AuRerdem wur-
den positive Zusammenhénge zwischen Hg; und DOC in CS und den BC200 und BC500
behandelten Boden gefunden. Die Konzentration von Gesamtquecksilber in CS und den
behandelten Boden korrelierten negativ mit CI'.

Die Feldstudie wurde mittels zweier bodenhydrologischer Intensivmessstationen am Zu-
sammenfluss von Saale und Elbe durchgefuhrt. Die erhobenen Daten sind schwierig zu
interpretieren. Es wurde beobachtet, dass ansteigende Wasserstande wahrend Uberflutun-
gen zu schnellen und deutlichen Anderungen des Ey in den Bodenlésungen fithren kénnen,
welche keinen direkten Einfluss auf die Hg(ll)-Konzentrationen zeigten. Mdglicherweise
waren die Anderungen zu schnell, um entsprechende Hg-Adsorptions-/Desorptions-
gleichgewichte zu erreichen. Ein weiteres Problem ist, dass die Hg(Il)-Konzentrationen in
den Niederschlagsproben vergleichbar mit denen der Bodenldsungen von Saale 1 und Saa-
le 2 waren. Die Herkunft von Hg(ll) in der Bodenlésung blieb unklar, da sowohl der Nie-

derschlag als auch der Boden selbst als Quellen in Betracht zu ziehen sind.

Die wichtigsten Ergebnisse sind: (1) die Ergebnisse aus dem Labor und der Feldstudie zei-
gen, dass Uberflutungen und die mit ihnen einhergehenden geochemischen Veranderun-
gen, wie Ey-Absenkungen, zu einer hoheren Hg-Mobilisierung fiihren. (2) Bodenzusatze
sind geeignet, gelostes Hg: zu immobilisieren. Diesbeziglich war SBFL effektiver als die
getesteten Biokohlen. Es sollte untersucht werden, ob dies auch fir unterschiedliche Boden
und Bedingungen zutrifft, insbesondere in sauren und sehr salzigen Umgebungen. (3)
Phospholipidfettsaure-Profile deuten an, dass die Methylierung von Hg in den Mikrokos-
menexperimenten hauptsachlich durch SRB erfolgte und dass SRB dies auch unter héheren
En-Werten als erwartet vollziehen. (4) Hg-Ethylierung scheint bei einem Ey von 0 mV

beginstigt zu sein.
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1. Introduction

1.1 General aspects

Due to geological processes or caused by anthropogenic activities soils can contain
substances, particularly toxic ones, with an impact on the environment including animals
and plants and on human health. The food chain and the drinking water constitute potential
pathways by which soil contaminants find their way into the human body. Therefore, it is
important to know the mechanisms by which contaminants are bound to and released from
soil components and how these processes can be controlled. On this background, mercury
(Hg) in its different chemical and highly toxic forms or species will be considered here.

1.2 Properties of mercury

Mercury is a heavy, glistening, silvery-white metal with a faint bluish tinge and the only
metal that is liquid at room temperature. It is relatively stable, dense and has high surface
tension. Below its melting point, Hg is a white solid and in its gaseous state, it is a color-
less vapor. Elemental mercury is highly volatile so that a saturated atmosphere of Hg vapor
contains approximately 18 mg Hg/m? at 24.0 °C (Satoh, 2013). The volatility of Hg further
increases with rising temperature and accounts for its presence in the atmosphere in appre-
ciable amounts (Wang et al., 2004; Sigler and Lee, 2006; Zhang et al., 2016). Both proper-
ties of elemental Hg, volatility and also its solubility in water (Table 1-1) are important
with respect to dispersal in the environment and exposure to humans. Mercury has seven
stable isotopes (Meija et al., 2010; Beckers and Rinklebe, 2017), a property which can be
exploited for analytical purposes (Blum et al., 2014; Yin et al., 2016; Washburn et al.,
2017).

General properties of elemental mercury are listed in the following Table 1-1.



Table 1-1: General properties of elemental mercury. Data from (Adriano, 2001;
Eisler, 2006; Meija et al., 2010; Zheng et al., 2012).

Property Value

atomic number 80

standard atomic weight 200.5924(8)

melting point -38.8 °C

boiling point 356.7 °C

density 13.534 g/cm®

specific gravity 13.55

vapor pressure 1.22 x 12'3 mm at 20 °C
2.8x10" mm at 30 °C

aqueous solubility 5.6 x 107 g/l at 25 °C

Mercury may be present in three oxidation states: 0 (elemental or metallic mercury), |
(monovalent or mercurous mercury), and Il (divalent or mercuric mercury). The properties
and chemical behavior of Hg depend on the oxidation state. Metallic mercury and Hg(ll)
are stable under normal environmental conditions while mercurous mercury is not stable
since it dismutates into Hg(0) and Hg(ll) (Schuster, 1991; Schroeder and Munthe, 1998);
Hg(0) and Hg(Il) are the two main naturally occurring oxidation states. Nevertheless, both
Hg(l) and Hg(ll) form numerous inorganic and organic chemical compounds (Zheng et al.,
2012). The chemical and physicochemical properties of these compounds may vary con-
siderably (Table 1-2). Accordingly, Hg species abundance varies between different
environmental compartments: More than 95% of the Hg encountered in the atmosphere is
elemental Hg vapor (Stein et al., 1996; Zhang et al., 2013; Megaritis et al., 2014). Most Hg
in water, soils, and sediments is in the inorganic Hg(ll) form while (mono)methylmercury
(MeHg; CH3Hg") is dominant in biota.



Table 1-2: Properties of several mercury compounds (modified from Zheng et al., 2012).

Name Molar weight Melting point B&;::ﬂg Decomposition / sublimate Density Aqueous solubility

[9/mol] [°C] [°C] temperature [°C] [g/cm3] [o/l at 25 °C]
Hg(0) Elemental mercury 200.59 -38.8 356.7 n.a. 13.534 5.6 x 10”7
Hg.Cl, Mercurous chloride 472.09 525 n.a. 383 7.15 0.002
HgCl, Mercuric chloride 271.50 277 302 n.a. 5.43 28.6
Hg,SO, Mercurous sulfate 497.24 n.a. n.a. n.a. 7.56 0.51
HgSO, Mercuric sulfate 296.66 n.a. n.a. 450 6.47 Decomposes
HgS Mercury sulfide 232.66 n.a. 446-583 580 8.10 Insoluble
HgO Mercuric oxide 216.59 n.a. 356 500 11.14 Insoluble
Hg.Br, Mercurous bromide 560.99 405 n.a. 340-350 7.307 3.9x 10"
Hg-Br; Mercuric bromide 360.44 237 322 n.a. 6.03 Slightly soluble
Hoal» Mercurous iodide 654.98 n.a. n.a. 140 7.7 Slightly soluble
Hal, Mercuric iodide 454 .4 259 350 n.a. 6.36 0.06
Hg.F2 Mercurous fluoride 439.18 n.a. n.a. 570 8.73 Decomposes
HgF; Mercuric fluoride 238.59 645 650 645 8.95 Soluble, reacts
Hg2(NO3), Mercurous nitrate 525.19 n.a. n.a. 70 (dihydrate) 4.8 (dihydrate) Slightly soluble, reacts
Hg(NOs), Mercuric nitrate 324.7 79 n.a. n.a. 4.3 Soluble
Hg(CN),  Mercuric cyanide 252.63 320 n.a. n.a. 3.996 Soluble

n.a.: not available



1.3 Mercury in the environment

1.3.1 Natural and anthropogenic sources of mercury

Mercury is a naturally occurring rare element with ubiquitous appearance in the environ-
ment; including soils and all types of rocks, in at least trace concentrations, especially
enriched in volcanic regions. More than 95 minerals of Hg are known; the most abundant
Hg compound is HgS, which occurs in three polymorphs: cinnabar, metacinnabar, and ex-
tremely rare hypercinnabar (Hazen et al., 2012; IMA, 2018). Nearly all Hg mined is ex-
tracted from cinnabar (a-HgS, 86.2% Hg) ores. However, commercial mining operations
have exploited deposits of corderoite (HgsCl,S,, 81.7% Hg), livingstonite (HgShsSs,
21.2% Hg), metacinnabar (B-HgsS, 86.2% Hg), and native mercury as well (Jasinski, 1995).
Mercury accumulation and cycling in the environment is influenced by both natural and
anthropogenic activities (Beckers and Rinklebe, 2017). The Hg content of most igneous
rocks is typically lower than 0.2 mg/kg (Adriano, 2001). In general, higher Hg contents
can be found in rocks which are rich in organic matter (OM), i.e., clay rocks (Gworek et
al., 2016). Due to this, sedimentary rocks often tend to contain more Hg than igneous rocks
(Adriano, 2001; HDOH, 2012). Mercury has a strong affinity for OM, especially organic
thiols, and it thus concentrates in black shales and coal and is also found in petroleum and
natural gas deposits (Wilhelm, 2001; Hazen et al., 2012). It might be stated that the aver-
age Hg contents in soils of the world range from a few pg/kg to some hundred pg/kg
(Beckers and Rinklebe, 2017). Mercury concentrations in plants vary significantly and
depend on the ability of the plants to take up Hg (e.g. Rothenberg et al., 2012). Further-
more, it is suggested that a range of specific local environmental factors strongly influence
the accumulation of Hg in plants and that they may outbalance the importance of local soil
Hg contents (Siegel et al., 1987; Overesch et al., 2007; Hang et al., 2016). Extremely high
Hg concentrations have been found in mushrooms (e.g. Melgar et al., 2009; Falandysz et
al., 2015; Falandysz, 2017), which are among others considered as suitable and sensitive
bioindicators for Hg in ecosystems (Kabata-Pendias, 2011; Lodenius, 2013; Bargagli,
2016).

Mercury concentrations in uncontaminated natural waters vary by the type of waterbody
and location. In general, pure fresh water systems show wide ranges of Hg concentrations
due to their diversity. However, the concentration range in river waters (1.0-5.0 ng/l) is not

that large as these waterbodies commonly exhibit strong fluctuations and are subject to
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dilution effects. The Hg concentrations in lake waters show a wide variation 0.2-80 ng/I,
while Hg concentrations in groundwater are usually in the range 0.1-16 ng/l. The variation
in rain is very pronounced and is in the range of 5.0-90 ng/l (Leopold et al., 2010). Mercu-
ry concentrations in contaminated waters can be significantly higher than in uncontaminat-
ed natural waters.

Mercury has wide applications in science, industry, and agriculture. Anthropogenic activi-
ties continue to release large amounts of Hg into the environment. World production, i.e.
mining and processing of primary Hg ores plus by-production from mining of other metals,
decreased to 2.035 x 10° tons per year in 1994 and has remained fairly constant since then
(Hylander and Meili, 2003; UNEP, 2006). Although alternative solutions are implemented
Hg has a major role as a process or product ingredient in several industrial sectors. Its big-
gest consumers in higher income countries are chlor-alkali industry, electrical and control
instruments industry, laboratory products (e.g. barometers, thermometers, and vacuum
pumps), dentistry (dental amalgams), and compact fluorescent as well as other energy-
efficient lamps. In lower income countries, but not exclusively, there is also a demand for
Hg in the vinyl chloride monomer production, artisanal and small-scale gold mining, bat-
teries, cosmetic and skin-lightening creams, paints as well as in agriculture and forestry as
ingredient of various types of pesticides (UNEP, 2006; Hazen et al., 2012). Mercury has
been released in many ways into the environment in connection with its use including the
release from Hg-containing car switches when the automobile is scrapped for recycling,
from coal-fired powerplant emissions, and from incinerated Hg-containing medical devic-
es. Horowitz et al. (2014) noted that small-scale gold mining in developing countries is
presently the largest use of Hg globally and is continuing to grow. The particularly toxic
species MeHg has been used in some fungicides but has no industrial purposes and basical-
ly occurs naturally where environmental conditions favor Hg net methylation (Hunter et
al., 1940; Bakir et al., 1973; Beckers and Rinklebe, 2017).

Recently, the increasing awareness of Hg toxicity has led to the replacement of Hg in
many areas. An international effort to ban Hg mining was made in line with the “Minamata
Convention on Mercury”, a multilateral agreement to protect the human health and the en-
vironment from anthropogenic emissions and releases of Hg and Hg compounds (UNEP,
2013).



1.3.2 Mercury in soils and sediments and its emission to atmosphere

In general, sorption, fate, and mobility of Hg in soils are determined by a range of factors
including soil composition such as soil texture, contents of OM, pedogenic (hydr)oxides
and other organic and inorganic complexing agents as well as the specific stability of the
bond between Hg and a ligand, the chemical form of Hg, pH and the redox potential (Ep)
(e.g. Biester et al., 2002; Reis et al., 2010; Frohne et al., 2012; Gruba et al., 2014). Metallic
Hg (Hg® or Hg(0)) may occur naturally as a large fraction of total Hg (Hg;, the sum of all
Hg species) content in soils in mineralized areas with a considerable flux of gaseous Hg(0)
from geological sources, or may be found in the liquid form in soils and sediments serious-
ly contaminated by local industry (Schluter, 2000; Biester et al., 2002; Skyllberg, 2012;
Kabata-Pendias and Szteke, 2015). However, as a matter of En/pH conditions and the pres-
ence of strong Hg sorbents in most soils and sediments divalent mercury (Hg(ll)) is usually
the most common Hg state in soils (Schluter, 2000) and sediments (Chen et al., 2015; Leng
et al., 2015; Amde et al., 2016). Divalent Hg reveals a high affinity to soil OM (Skyllberg
et al., 2003; Ravichandran, 2004; Skyllberg et al., 2006). In consequence, high Hg contents
are often accompanied by high organic carbon values (Wallschlager et al., 1998a;
Wallschléger et al., 1998b; O’Driscoll et al., 2011; Obrist et al., 2011). Accordingly, higher
levels of Hg between 1 and 2 mg/kg are frequently found in organic-rich, forest and peaty
soils, in areas used for paddy cultivation (Clifford et al., 2010) as well as in floodplain soils
(e.g. Devai et al., 2005; Overesch et al., 2007; Rinklebe et al., 2009; Rinklebe et al., 2010;
Frohne and Rinklebe, 2013). According to Gabriel and Williamson (2004) the second ma-
jor sorbent of Hg in terrestrial environments next to OM are inorganic oxides. Several fac-
tors exert influence on the adsorption: The pH is one of the most important factors control-
ling adsorption of Hg since it affects both surface charge characteristics of soil particles
and metal speciation in solution. Another important factor influencing the fate of Hg with-
in the soil and sediment profile is its complexation by dissolved organic carbon (DOC)
(Wallschlager et al., 1996). Generally, DOC concentrations increase with increasing soil
pH (Adriano, 2001). Accordingly, Yin et al. (1996) were able to show that adsorption of
Hg(ll) was significantly reduced at low pH when soil was treated with hydrogen peroxide
to oxidize OM.

The adsorption of MeHg by soils is subject to the influence of the same factors that control
the adsorption of inorganic Hg(ll) (Adriano, 2001). Non-adsorbed Hg remains in soil solu-
tion. The speciation of water-soluble Hg in soil is still not fully understood. It is estimated
that complexes of Hg oxides, chlorides, oxychlorides and sulfates are the dominant Hg
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forms in soil solutions (Yin et al., 2013). These compounds are mobile Hg species which
may be subject to both physical (leaching, erosion, and volatilization) and biochemical
transformations (methylation, photochemical and biological reduction) and may precipitate
or be taken up by organisms (Morel et al., 1998; Yin et al., 2013).

Leopold et al. (2010) stated that any Hg released into the environment undergoes biogeo-
chemical transformation processes and may, therefore, be converted into the highly toxic
compound MeHg. The formation of MeHg is mainly microbially mediated. Today, it is
accepted that Hg methylation occurs primarily under anaerobic conditions and that sulfate-
reducing bacteria (SRB) mainly govern this methylation process (Jeremiason et al., 2006;
Feyte et al., 2012; Tjerngren et al., 2012a; Hsu-Kim et al., 2013; Parks et al., 2013; Janssen
et al., 2016). Organic-rich floodplain soils have been identified as places of Hg methyla-
tion and sources for enhanced MeHg contribution to adjacent streams (e.g. Devai et al.,
2005; Stoor et al., 2006). In line with the presence of decomposable OM, particulate organ-
ic carbon and DOC were reported to be related to Hg methylation (Ullrich et al., 2001;
Matsuyama et al., 2016). Furthermore, temperature, sulfide concentrations, nutrients, and
salinity may affect Hg methylation by influencing the supply of bioavailable Hg(ll) and/or
the activity of Hg-methylating organisms (Liang et al., 2013; Matsuyama et al., 2016).
Next to the microbial alias biotic methylation of Hg there are also abiotic pathways for the
formation of MeHg. Three exclusively chemical reactions have been identified in laborato-
ry experiments, namely methylation by methylcobalamin (Bertilsson and Neujahr, 1971),
transmethylation involving other methylated metals, and oxidative methylation
(Hintelmann, 2010). Among these reactions the latter two and also the methylation by ex-
tracts of humic substances, particularly fulvic acid (e.g. Rogers, 1977; Nagase et al., 1984;
Weber, 1993), are of potential relevance for abiotic Hg methylation. However, the envi-
ronmental relevance of abiotic Hg methylation still needs to be quantified while the ability
to differentiate abiotic from biotic methylation needs to be improved.

Knowledge on the formation and behavior of ethylmercury (EtHg; CHsCH,Hg") in the
natural environment is limited since sensitive and reliable methods for the analysis of this
highly toxic Hg compound were not present until recently (Mao et al., 2010; Kodamatani
and Tomiyasu, 2013; Lusilao-Makiese et al., 2016). Hintelmann (2010) stated that EtHg is
not very persistent in the environment and readily decomposes. Contrarily, it appears to
occur widely in the environment, as indicated by EtHg contents found in soil samples
(Mao et al., 2010). However, information on its microbial formation is lacking
(Hintelmann, 2010).



In general, Hg can be mobilized by volatilization, leaching, and/or partial plant uptake in
the terrestrial environment. Mercury discharge from soils via leaching to groundwater is
considered to be almost negligible (Fritsche et al., 2008). In contrast, volatilization of
Hg(0) in particular is thought to constitute a potentially important factor for the release of
Hg from soils (Grigal, 2003; Rinklebe et al., 2009; Rinklebe et al., 2010). In fact, volati-
lization of Hg from soils and rocks contributes significantly to the atmospheric Hg pool
(e.g. Zhang et al., 2001; Gustin, 2003). It may be concluded that the magnitude of Hg
emissions from soil is related to its Hg content, while various factors, among them irradia-
tion, soil moisture, temperature, air Hg concentration, relative humidity, wind speed, turbu-
lence, atmospheric oxidants, soil characteristics, Hg speciation in soil, soil microbial com-
munity structure and activity influence diel and seasonal patterns. Both natural as well as
anthropogenic processes contribute to the total atmospheric Hg load. Gaseous elemental
Hg is efficiently transported over long distances with air masses and moves between the
continents, thereby reaching even isolated regions (Beckers and Rinklebe, 2017). It is as-
sumed that the Hg contents in soils and sediments have already increased 3 to 10 times
solely due to the combustion of fossil fuels and subsequent atmospheric dispersion of re-
leased Hg during the post-industrial era (Xu et al., 2015). Many floodplain soils accumu-
late substantial amounts of Hg via anthropogenic activities and transport within the water-
shed (e.g. Gosar and Zibret, 2011; Frohne and Rinklebe, 2013; Manceau et al., 2015).
However, floodplain soils can act both as sink and source of Hg (Flanders et al., 2010;
Rinklebe et al., 2010; Han et al., 2012). Particularly organic-rich floodplain soils which
provide an energy-rich organic substrate for bacterial metabolism and exhibit low oxygen
conditions during flooding have been recognized as Hg methylation sites and sources for
enhanced MeHg input to adjacent streams (Roulet et al., 2001; Lazaro et al., 2016; Beckers
and Rinklebe, 2017).

1.3.3 Ecological and health effects of mercury

Soil contamination with Hg is a challenging issue for human and environmental health
since Hg compounds are more toxic than compounds of any other nonradioactive heavy
element (Tipping et al., 2010; UNEP, 2013; MacDonald et al., 2016). The particularly tox-
ic species MeHg basically occurs naturally where environmental conditions favor the net
methylation of Hg (Hunter et al., 1940; Bakir et al., 1973; Beckers and Rinklebe, 2017)

and Hg methylation is a key step in the transfer of Hg into the food chain. Hintelmann
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(2010) stated that the MeHg production is basically the product of microbial activity and
Hg(ll) bioavailability, and that it is therefore suggested that in many aquatic environments,
most MeHg is generated in sediments. However, demethylation rates in sediments are also
very pronounced and the high turnover of MeHg in sediments leads to a standing MeHg
pool, which is suggested to constitute at most 1% of the Hg; (Hintelmann, 2010; Randall et
al., 2013). In contrast, demethylation activity is almost absent in water, making the small
amounts of MeHg transferred from sediments into the overlying water very persistent in
this compartment (Hintelmann, 2010). It is suggested that MeHg generally makes up 0.1 to
5% of the Hg; content in surface waters while higher percentages may be found in anoxic
waters where MeHg may constitute one of the dominant Hg species (Crump and Trudeau,
2009). The concern about MeHg in aquatic environments arises from its toxicity and the
fact that this Hg species bioaccumulates and biomagnifies particularly in the aquatic envi-
ronment threatening human health due to human consumption of primarily fish or fish
predators (Lavoie et al., 2013; Llop et al., 2014; Nakamura et al., 2014). Accumulation of
MeHg in rice plants is probably one of the most concerning aspects of Hg in economic
crops. Compared to aquatic environments bioaccumulation and biomagnification of Hg are
less evident in terrestrial ecosystems and usually do not pose a threat to human health
(Beckers and Rinklebe, 2017). Unlike MeHg, EtHg is not known to (bio)accumulate
(Hintelmann, 2010). In general, chemical species of Hg differ considerably in their toxico-
kinetics (i.e., absorption, distribution, metabolism, and excretion) and toxicodynamics.
Elemental Hg is primarily taken up by inhalation while MeHg is efficiently absorbed in the
gastrointestinal tract. Intoxication by inorganic Hg salts is usually rare, but the ingestion of
mercuric salts is potentially fatal. Contrary to Hg vapor and MeHg the primary target organ
of inorganic mercury compounds is the kidney and not the central nervous system or the

placenta (Jeevanaraj et al., 2016; Beckers and Rinklebe, 2017).

1.3.4 Mercury immobilization in soils (for remediation)

Strategies to either remove Hg or to efficiently immobilize it by transforming it into its
most stable and least toxic forms in situ are required (Cassina et al., 2012; Wang et al.,
2013; Ullah et al., 2015; Xu et al., 2015). One possible way to diminish Hg mobility in soil
is the use of soil amendments (Zhu et al., 2015; Shu et al., 2016a; Sipkova et al., 2016).
Organic amendments are considered to be particularly suitable as they might reveal a high

potential to immobilize Hg and simultaneously fertilize the soil (Wang et al., 2012; Shu et
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al., 2016a). Much soil Hg is usually bound to reduced sulfur functional groups (thiol, disul-
fide, and disulfane) of soil OM in an oxidized form such as Hg(ll) (Xia et al., 1999;
Skyllberg, 2012; Eckley et al., 2015). Therefore, carbon-rich biochar which can be cost-
efficiently produced via pyrolysis of agricultural bio-waste under oxygen limitation and
which has the potential to promote plant growth and stimulate ecological restauration is
one possible amendment (Ahmad et al., 2014; Ahmad et al., 2017; Igalavithana et al.,
2017). Its potential to remove Hg from solution (Kong et al., 2011) and from combustion
flue gas (e.g. Klasson et al., 2014; Yang et al., 2016; Shen et al., 2017), to reduce the
MeHg levels in rice grains (Shu et al., 2016b), or to immobilize MeHg in soil (Shu et al.,
2016a) has already been demonstrated. However, to our best knowledge, information on
the effect of biochar on the retention of total Hg (Hg;), and the Hg species MeHg, and
EtHg in soil during systematically controlled Ey changes is missing up to date.

Sugar beet factory lime (SBFL) is another low-cost sorbent for potentially toxic elements.
Lime is one of the main stabilizing agents used for in situ stabilization/solidification of Hg
in soils and known to reduce Hg uptake by plants (Heeraman et al., 2001; Azevedo and
Rodriguez, 2012; Xu et al., 2015). In general, sugar beet factories produce large volume
lime piles due to the application of considerable quantities of calcium oxide during the
sugar beet juice purification process (Loginova et al., 2012). The applicability of SBFL to
immobilize trace elements other than Hg in soils has been demonstrated (Shaheen and
Rinklebe, 2015; Shaheen et al., 2015; Shaheen and Rinklebe, 2017). However, information
on the potential of SBFL to stabilize Hg;, MeHg, and EtHg in flooded soils is missing. In
particular, their release kinetics from contaminated floodplain soils under varying redox
conditions are still not fully understood.

1.4 Research justification

As Hg is an important pollutant in soils and sediments there is a need to understand its ge-
ochemical behavior such as release kinetics and adsorption/desorption in frequently flood-
ed soils (Beckers and Rinklebe, 2017). The impact of several parameters such as Ey, pH,
DOC, chemistry of sulfur (S), chloride (CI'), iron (Fe), and Hg; content in soil on the mo-
bility and speciation of Hg has been studied in some detail (Pelcova et al., 2010;
Christensen et al., 2018; Zhu et al., 2018). However, there is a need to simultaneously ana-
lyze the above mentioned parameters and Hg; under controlled conditions to recognize

correlations and to identify interdependencies. Frohne et al. (2012) used an automatic bio-
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geochemical microcosm system to simulate flooding events and to investigate the impact
of Ey and other influencing parameters on Hg mobilization. It was shown that controlled
En variations appear to affect Hg mobilization and methylation on the background of con-
comitant changes in DOC, sulfur cycle, and microbial community structure whereas Ey
and pH values as well as concentration of dissolved Fe and CI™ appeared to be less influen-
tial. Based on the chemistry of Hg interactions with DOC and other organic and inorganic
soil components as well as on published results concerning Hg removal from aqueous solu-
tions by means of biochar (Liu et al., 2018b) it is supposed that Hg can be immobilized in
soils by amendments exploiting similar chemical reactions. The latter include reactions
with sulfhydryl and carboxyl groups as well as electrostatic interactions and surface pre-
cipitation with inorganic materials. Of particular importance is the affinity of Hg for re-
duced sulfur functional groups. In order to cover various possible interaction types we se-
lected two types of amendments with different proportions of organic and inorganic com-
ponents, BC and SBFL. Their effects on Hg release, mobilization, methylation, and ethyla-
tion were planned to be investigated. Methylmercury is particularly toxic for humans and
is formed in the soil environment primarily in the course of SRB-dependent metabolism.
These bacteria are suggested to exhibit characteristic patterns of phospholipid fatty acids
(PLFA) which were quantified to draw conclusions on the soil’s SRB community.

Biochars are manufactured at different temperatures leading to products with varying
chemical and physical properties and thus differing efficiency to interact with Hg species.
In this respect, Liu et al. (2016) and Liu et al. (2017) who applied biochars pyrolyzed at
high (600 °C, 700 °C) and low (300 °C) temperatures obtained contradictory results. On
the one hand, Liu et al. (2016) stated that BC produced at 600 and 700 °C was more effec-
tive to immobilize Hg than low temperature BC. On the other hand, they found in a subse-
quent publication that low temperature BC was more effective in this respect (Liu et al.,
2017).

Due to the existing gaps in knowledge and the published contradictory results the present
work explored the influence of various amendments on Hg concentrations and Hg species
formation in soil solutions under controlled redox conditions including reevaluation of
effects obtained with biochars pyrolyzed at different temperatures (chapter 4 and 5). It is
questioned whether the different effects of the biochar types on Hg binding can be ex-
plained by their distinct chemical properties i.e. the amount of functional groups which
decreases with increasing pyrolysis temperature in biochar production.
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In chapter 6, it is attempted to identify the parameters which control Hg release under field
conditions by means of two soil hydrological monitoring stations. Therefore, parameters
similar to that in the microcosm experiments were determined. By this, it was possible to
compare the results to a certain degree and recognize differences which may help to im-
prove our understanding of the examined processes and further improve experimental set-

ups for future research.
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2. General and specific objectives

The general objective of this work was to experimentally and systematically quantify the
impact of flooding events by microcosm experiments and field studies, respectively. It was
aimed to determine associated Ey and pH changes, the release of Hg; as well as the release
and formation of Hg species in floodplain soils, and to identify the influence of diverse
biogeochemical factors and the underlying processes as specified below. Additionally,
different soil amendments were tested for their abilities as immobilizing agents to reduce
the concentrations of Hg;, MeHg, and EtHg in soil solution.

Two laboratory experiments simulating floodings in biogeochemical microcosms and one
field study monitoring the impact of floodings were conducted in order to meet these ob-
jectives.

The specific objectives were:

e to systematically quantify the impact of pre-defined redox conditions on the release
dynamics of Hg;, MeHg, and EtHg in a contaminated floodplain soil non-treated as
well as, separately, treated with:

1. commercially available biochar based material and commercial by-
product SBFL

2. biochar pyrolyzed either at 200 °C (BC200) or 500 °C (BC500) in the la-
boratory

e to identify the underlying redox-driven processes mechanistically with particular
emphasis on parameters which are thought to affect Hg methylation

e to evaluate the efficiency of the soil amendments biochar based material, SBFL,
BC200, and BC500 as immobilizing agents to reduce the concentrations of Hg,
MeHg, and EtHg in soil solution

e to identify linkages between shifts in Hg species and changes in soil microbial
community structure as determined by phospholipid fatty acid (PLFA) analysis

e to quantify the impact of flooding and changing redox conditions on the release dy-
namics of Hg(I1) under field conditions

e to verify whether results gained by the laboratory experiments are in accordance
with those achieved in the field
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Figure 2-1: Graphical outline of the thesis.
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3. Materials and methods

3.1 Study and sampling sites

The two study areas selected for the current thesis are situated in Germany in Hg-polluted
floodplain ecosystems. Considerable Hg contents up to 47.78 mg/kg have been found in
soil samples of both study areas (Frohne and Rinklebe, 2013) which substantially exceeds
the applicable action value (2 mg/kg) of the German Federal Soil Protection and Contami-
nated Sites Ordinance (BBodSchV, 1999) in relation to plant quality for the soil — plant
transfer of metals on grasslands.

3.1.1 Wupper River

The Wupper River sampling site is located at the lower course of the Wupper River (near
to its confluence into the Rhine River) in the state of North Rhine-Westphalia (2568987 E,
5659539 N; 51°4°0.449°N, 6°59°0.718'E). The Wupper River is approximately 116 km
long and its catchment area covers 813 km? (MKULNYV, 2014). The sampling site is used
as grassland and periodically inundated by the Wupper River, usually in spring time. The
area is located in a region of high annual precipitation (774 mm). The mean discharge of
the Wupper River is 14 m3/s (Wichern et al., 2006).
The valley of the Wupper River has been used for industry, agriculture and as a settlement
area for centuries (LUA NRW, 2005). Substantial amounts of Hg reside in floodplain soils
especially downstream of the urban area of Wuppertal (Gaida and Radtke, 1990; Schenk
and Gaida, 1994). The high Hg content in the soil of the Wupper River sampling site is
most likely the result of discharge from the metal industry such as electroplating, the pro-
duction and use of Hg containing fungicides, the production of Hg thermometers, and the
textile industry, particularly from dye factories, during the last centuries in the proximity of
the river leading to the contamination of the water, the sediments, and the floodplains of
the Wupper River (Schenk, 1994; Frohne et al., 2012; Frohne and Rinklebe, 2013). Today,
atmospheric deposition of Hg is of particular importance in this region. The emission of
Hg into the air in North Rhine-Westphalia is mainly the result of the coal industry
(MKULNYV, 2014).
A soil profile within the floodplain had been excavated before and was described in detail
(Frohne and Rinklebe, 2013). The soil was classified as Eutric Fluvisol according to IUSS
(2015). The Hg; content of the soil horizon within 26 to 40 cm was 41.0 mg/kg. Therefore,
15



about 400 kg soil material was collected from this depth from a 4 m? area and homoge-
nized in one composite sample. The soil sample was further homogenized, air-dried,
crushed, ground and sieved through a 2 mm sieve in the laboratory and used for several
analyses: Soil properties of this contaminated Wupper soil (CS) were determined following
standard methods described in Blume et al. (2011). Soil pH was measured according to
DIN EN 15933 (2012). Subsamples of CS, and the amendments BC, SBFL, BC200, and
BC500 were digested in a microwave system (MLS 1200 Mega, MLS GmbH, Leutkirch,
Germany) to determine (pseudo)total metal concentrations (U.S. EPA Method 3051A,
2007) which were measured by inductively coupled plasma optical emission spectrometry
(ICP-OES) (Ultima 2, Horiba Jobin Yvon, Unterhaching, Germany). Total Hg was deter-
mined with atomic absorption spectrometry (AAS) using a DMA-80 direct mercury ana-
lyzer (MLS GmbH, Leutkirch, Germany). The Hg species MeHg and EtHg were analyzed
using gas chromatography with atomic emission detection (GC-AED) (HP 6890, Agilent,
Waldbronn, Germany - jas 2350, jas GmbH, Moers, Germany). Additional information on
chemical species of Hg in soil was obtained by X-ray absorption near-edge structure
(XANES) spectroscopy. Mercury Ly-edge XANES of the soil sample and reference Hg
standard compounds were collected at the beamline (BL) 1W1B in Beijing Synchrotron
Radiation Facility (BSRF, China). The fine powder (< 74 um, passed the soil to 200 mesh
screen) of soils was pressed into a 1 mm thick tablet for the X-ray absorption near-edge
structure (XANES) spectroscopy analysis. The BLIW1B was equipped with a Si (111)
double-crystal monochromator that was detuned to minimize the harmonic content of the
beam. Energy was scanned from —150 to 500 eV relative to the Hg L-edge (typical ener-
gy peak 12,284 eV). The reference compounds, including HgS, Hg-Cys, and MeHg-Cys,
were recorded in transmission mode. The soil samples were detected in fluorescence mode
using a 19-elemental Ge solid detector. The data of spectra were normalized by using
ATHENA software. More detailed information on analytical procedures including quality
control is provided in Chapter 3.5.

Major properties of the soil are given in Table 3-1.
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Table 3-1: Properties and chemical composition of the contaminated soil (CS).

Unit CS
Basic properties
pH [H.0] 6,4
EC [dS/m] n.d.?
Silt 92
Clay 2
Total nitrogen 0,35

[%]
Total carbon 7,06
Total organic carbon 7,05
Total carbonates 0,04
Contents
Hg: 31,2
MeHg [m/k] 0,44
EtHg [Ho/kg] 0,10
Al 18,5
Fe [g/ka] 43,8
Mn 0,87
S 0,99

®n.d. = not determined

Silt dominated the soil texture. The soil was slightly acidic (pH 6.4) and had a high organic
carbon (OC) content. The total content of Hg in CS was 31.19 mg/kg while MeHg and
EtHg contents were 0.44 mg/kg and 0.10 pg/kg, respectively (Table 3-1). Normalized
XANES Hg Ly-edge spectra of the soil sample and the standard compounds HgS, Cyste-
ine-Hg-Cysteine, and MeHg-Cysteine obtained at beamline 1W1B are shown in Figure 3-
1. We analyzed the XANES spectra by least square linear combination fitting (LCF). The
LCF numerical results of the soil sample are given in Table 3-2. It provides the percentage
of each standard Hg form of the total Hg in the soil sample. The LCF results indicate that
HgS, MeHg-Cysteine, and Cysteine-Hg-Cysteine like forms are the main three compo-
nents in the soil. The LCF results imply that HgS is the predominant Hg species in the soil.
Based on the LCF results its relative proportion was 53% while MeHg-S like species ac-
counted for 28% and S-Hg-S like species for 17%.
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Figure 3-1: Normalized Hg L, near-edge spectra of the Wupper soil sample W1. The
least square linear combination fitting (LCF) of XANES spectra from W1 was per-
formed using a series of Hg standard compounds. The black line shows sample W1
XANES spectra. The red dot line shows the LCF result. The pink line shows the
standard Hg compound of HgS. The green line shows the standard organic Cys-Hg-
Cys bonding form. Brown line shows the standard of MeHg-Cys. The blue line shows
the acceptable LCF residual.

Table 3-2: Hg L,;; XANES least square linear combination fitting results of the
Wupper soil sample.

Standard Weight (SD) R-factor
Hg-S 0.538 (0.030) 0.00128
S-Hg-S 0.177 (0.011) 0.00128
MeHg-S 0.284 (0.035) 0.00128

SD = standard deviation.
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3.1.2 Saale-Elbe confluence

The selected study area in the state of Saxony-Anhalt encompasses two study sites Saale 1
and Saale 2 with a distance of 28 m between them. These sites are located at the conflu-
ence of the Saale River into the Elbe River (700811 E, 5759540 N; 51°57°0.9324”N,
11°55°19.8624”E) within the nature reserve Steckby-Lddderitzer Forst in the vicinity of
Breitenhagen. A detailed map of the study sites has been adapted from Swaton (2001) (Fig.
3-2).

e
Elbe River

abandoned meander
of the Saale River

Figure 3-2: The study area in the vicinity of the confluence of the Saale and Elbe Rivers. The loca-
tions of the two soil hydrological monitoring stations are marked by the description fields “Saale 1”
and “Saale 2”. Roman numerals indicate geomorphological units: | = low terrace; Il = terrace flat-
tening to southeast; 11l = terrace flattening to northwest; IV = terrace flattening to Elbe River; V =
slope to floodplain; Vla = flood channel; Vla = flood channel with kolks; VII = floodplain with kolk
channel; VIII = inclined floodplain; IX = upper slope of floodplain; X = littoral zone abandoned
meander of the Saale River; XI| = elevation abandoned meander of the Saale River; XII = littoral
zone Elbe River. Figure adapted from Swaton (2001).

Selection of the study sites at the Saale-Elbe confluence is based on previous studies and
large-scale conventional soil mapping (Swaton et al., 2003; Devai et al., 2005; Rinklebe et
al., 2010). Flooding of the study sites by the Saale and Elbe rivers occurs periodically ei-
ther by snowmelt in winter and spring or caused by heavy rainfalls during spring and
summer (Rinklebe et al., 2009). The region is characterized by a mean annual precipitation
of 473 mm and an annual air temperature of 8.7 °C (Frohne and Rinklebe, 2013). Lengths
of the Elbe and Saale rivers are 1,094 km and 413 km, respectively, and their catchment
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areas amount to 148,268 km2 and 24,079 km2 (Claus et al., 2015; Arroyo-Abad et al.,
2016). The source of the Saale River is situated close to Zell im Fichtelgebirge. Discharge
averages are 570 m3/s for the Elbe River and 115 m?/s for the Saale River (Frohne and
Rinklebe, 2013). The study area is a woodland habitat.

Two soil profiles had been excavated at the study sites earlier and were characterized in
detail: According to IUSS (2015) the soil profile at the study site Saale 1 can be defined as
Calcic-Mollic Gleysol (GLmk) while the soil at Saale 2 is classified as Mollic Fluvisol
(FLm). Swaton (2001) determined high Hg contents of up to 48 mg/kg in these soil pro-
files which can be attributed primarily to emissions of the former chlor-alkali industry and
the acetaldehyde production located within the Elbe River catchment. Before 1990 inade-
quately purified sewage has been dumped into the Elbe and Saale rivers. The amount of
discharged pollutants has markedly decreased since 1990 due to the closure of large indus-
trial facilities (Swaton, 2001). However, Hg pollution principally originating from former
emissions of the chlor-alkali industry and the acetaldehyde production within the catch-
ments caused persistently high Hg contents in floodplain soils and sediments (Muller and
Furrer, 1994; Zerling et al., 2003; Frohne and Rinklebe, 2013; Kruger, 2016). Chlor-alkali
plants were operated in Usti nad Labem and Neratovice in the former Czechoslovakia as
well as in in the former German Democratic Republic in Bitterfeld (Mulde River)
Osternienburg, and Schkopau near Halle (Saale River), with the latter being the largest
(Hintelmann and Wilken, 1995; Kruger, 2016). Additionally, one acetaldehyde factory
located in Schkopau contributed to the Hg emissions (Kruger et al., 1999). In fact, Swaton
(2001) found the highest Hg contents in the upper 20 cm of the study area in a sample col-
lected from the elevation of the abandoned meander of the Saale River (X1, Fig. 3-2). It has
been supposed that the heavily industrialized area in the Bitterfeld/Halle/Leipzig (burning
of lignite coal) triangle was once the main source of anthropogenic Hg emissions to the
atmosphere in Europe (Ebinghaus et al., 1995). Next to these large point sources agricul-
tural Hg inputs in the course of the past application of Hg containing pesticides such as
Agronal and Falisan likely contributed to the Hg contents (Schinkel, 1985; Dusek et al.,
2005). Furthermore, effluents of urban areas and municipal waste dumps, as well as the use
of mineral fertilizers, sewage sludge and manure have or still do contribute to the Hg con-
tents of the study site (Devai et al., 2005; Rinklebe et al., 2007; AMAP/UNEP, 2013). Sim-
ilarly, atmospheric deposition and Hg release by geogenic sources contribute to the accu-
mulation of Hg (Rinklebe et al., 2007).

Major parameters of the soil profiles are given in Table 3-3.
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Table 3-3: Parameters of the soil profiles.

Depth Symbol of Texture | Sand | Silt | Clay Humus oC pH in C/N CECe P | kf-value Ho:
[cm] horizon [%] [%] [%] CaCl, [cmolc/kg] | [em/d] 22| [mglkg]
Saale 1

0-15 aoAh Ls2 35 44 20 12 6.99 5.8 14.7 26.3 4115% | 13.6-15.0
15-50 aoAh-M-Go Lu 27 51 21 10.7 6.23 5.7 17 25.9 4076 ? | 16.5-48.0
50-73 Il aoAh-M-0Go Ls2 31 45 24 6.9 4.03 6.5 14.8 22.3 2258 2 8.4-19.0
73-120 11 aoAh-M-0Go Tu3 15 51 33 3.6 2.08 6.8 11.8 22.6 16 2 4.9-27.0
Saale 2

0-10 aoAxh Lu 14 51 35 12.5 7.29 5.9 13 35.1 253 5.0
10-40 aM-0Axh Lu 11 57 32 10.4 6.04 5.9 15.1 31.5 253 7.0-21.0

40-50 a0Go-M-0Axh Lu 16 52 32 7.3 4.22 6.3 13.7 27.2 259 5.0
50-75 aoGo-M Lu 6 61 33 8.7 5.06 7.1 14.5 334 259 3.0-7.0
75-130 Il a0Go-M Lu 11 56 33 6.6 3.87 7.3 14.7 30 253 3.0-19.0
1) = estimated according to (Ad-hoc-Arbeitsgruppe Boden, 2005)

2) = determined by GLA-SA

3) = estimated according to (Ad-hoc-Arbeitsgruppe Boden, 2005)

21




3.2 Materials

3.2.1 Biochar (biochar based material)

The biochar based material used in the microcosm experiment with commercially available
or commercial by-product materials is a commercially available fertilizer product named
“TERRA PRETA” which was obtained from TERRA PRETA GmbH, Berlin, Germany.
The material is composed of bio-charcoal, humus, clay, alumina, shell limestone, perlite,

microorganisms, and organic fertilizer. For conciseness it is called “biochar” (BC) here.

3.2.2 Sugar beet factory lime

The sugar beet factory lime (SBFL) used in the microcosm experiment is a commercial by-
product material. It was acquired by Prof. Sabry Shaheen from the sugar beet factory in El-
Hamoul, Egypt, operated by the Delta Sugar Company. The SBFL was alkaline (pH = 8.7),
contained large amounts of total carbonates, total sulfur (S), aluminium (Al), and iron (Fe),

while contents of Hg;, MeHg, and EtHg were found to be low or below the detection limit.

3.2.3 Biochar (pyrolyzed pine cone)

Fallen pine cones were collected at the Kangwon National University, Chuncheon, South
Korea, and dried in a greenhouse before the biochar production. The dried pine cone was
ground and sieved through a 2 mm sieve. Biochar production was carried out by a heating
program in a muffle furnace (LT, Nabertherm, Germany) under limited supply of air. The
heating rate was 7 “C/min, and the holding time at the desired temperature (200 °C or 500
°C) was 2 h. The biochar was cooled down to 30 °C inside the muffle furnace (Igalavithana
et al., 2017). By this, two biochars were produced, pyrolyzed either at 200 °C (BC200) or
500 °C (BC500).

Major properties of the soil and the soil amendments are given in Table 3-4.
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Table 3-4: Properties and chemical composition of the contaminated soil (CS), bio-
char (BC), sugar beet factory lime (SBFL), and biochar pyrolyzed at 200 °C (BC200)

or 500 °C (BC500), respectively.

Unit CS BC SBFL BC200 BC500
Basic properties
pH [H20] 6.4 7.3 8.7 4.2° 6.8°
EC [dS/m] nd® nd. nd.  0.001*  0.001°
Silt 92 n.d. n.d. n.d. n.d.
Clay 2 n.d. n.d. n.d. n.d.
Total nitrogen 035 6.11 n.d. 1.03° 1.81°
Total carbon (%] 7.06 287 n.d. 69.7° 74.6°
Total organic carbon 7.05 26.6 2.19 n.d. n.d.
Total carbonates 0.04 6.77 82.5 n.d. n.d.
Total hydrogen n.d. n.d. n.d. 2.13° 2.62°
Total oxygen n.d. n.d. n.d. 27.1° 20.9°
hydrogen/carbon n.d. n.d. n.d. 0.42 0.37
oxygen/carbon n.d. n.d. n.d. 0.21 0.29
Contents
Hg: 31.2 0.08 0.04 0.03 0.01
MeHg [mg/kg] 044 bdl® bd.l n.d. n.d.
EtHg [ug’kgl]  0.10  b.d.l. b.d.l n.d. n.d.
Al 18.5 12.4 1.71 n.d. n.d.
Fe 43.8  8.50 0.85 n.d. n.d.
Mn Lo/ka] 0.87 0.30 0.08 n.d. n.d.
S 0.99 2.20 2.03 n.d. n.d.
Additional properties
Mobile matter n.d. n.d. n.d. 62.4 10.0
Ash [%] n.d. n.d. n.d. 0.8 9.0
Resident matter n.d. n.d. n.d. 35.6 79.6
Surface area m2g n.d. n.d. n.d. 0.47° 193.0°
Average pore volume  x10°m¥% n.d.  n.d. n.d. 2.38" 10.2°
Average pore diameter nm nd.  nd. n.d. 451 2.44"

#1:20 ratio of biochar to deionized water
®1.d. = not determined

“ moisture and ash free

4b.d.I. = below detection limit

¢ Brunauer-Emmett-Teller (BTE) method
" Barret-Joyner-Halender (BJH) method
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3.2.4 Chemicals, reagents and reference materials

The quality of the measurements was ensured by using high quality chemicals and reagents

and controlled by means of analytical standards and certified reference materials.

Ultrapure water was produced in the laboratory via a Milli-Q® Reference water purifica-

tion system (Merck KGaA, Darmstadt, Germany).

Table 3-5: Chemical reagents.

Chemical/reagent

Producer

PlasmaPURE Hydrochloric Acid (34 — 37% HCI))
Nitric acid 65% for analysis EMSURE® Reag. Ph Eur, I1SO

(max. 0.0000005% Hg)

Hydrogen peroxide 30% (Perhydrol®) for analysis EMSURE®

ISO

SCP SCIENCE (Canada)
Merck (Germany)

Merck (Germany)

Table 3-6: Analytical standards and reference materials.

Reference material

Producer

BRM#09b and BRM#12

SRM 1575a

IAEA-405 and IAEA-433

CRM 580 (old name)
ERM®- CC580 (new name)

CertiPur®
N5377
CRMA47885
47080-U

The Federal Institute for Materials Research and Testing
(BAM, Germany)

The National Institute of Standards and Technology
(NIST, USA)

The International Atomic Energy Agency (IAEA, Aus-
tria)

The Community Bureau of Reference (BCR, Belgium)
Institute for Reference Materials and Measurements
(IRMM, Belgium)

Merck KGaA (Germany)

Sigma-Aldrich Co. (Sigma, Germany)

Sigma-Aldrich Co. (Supelco®, Germany)
Sigma-Aldrich Co. (Supelco®, Germany)
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3.3 Automated biogeochemical microcosm system

An automated biogeochemical microcosm system was used to simulate flooding in the
laboratory. Two microcosm experiments were conducted by means of this system: One
experiment in which the contaminated soil (CS), the contaminated soil + biochar (CS+BC),
and the contaminated soil + sugar beet factory lime (CS+SBFL) were flooded and a second
experiment, which was performed with the contaminated soil (CS), the contaminated soil +
biochar 200 (CS+BC200), and the contaminated soil + biochar 500 (CS+BC500). The bio-
geochemical microcosm system enables to set and maintain pre-defined redox windows by
automatically flushing the slurry, obtained by continuous stirring of the flooded soil, with
O, or N3 (Fig. 3-3). Therefore, it was possible to study the impact of dynamic redox condi-
tions on the mobilization of Hg;, MeHg, and EtHg within single microcosms containing
CS, CS+BC, CS+SBFL, CS+BC200, or BC500 under controlled conditions. The automat-
ed biogeochemical microcosm system has been utilized in several studies (e.g. Frohne et
al., 2011; Rinklebe et al., 2016a; Rinklebe et al., 2016b; Shaheen et al., 2016; Beiyuan et
al., 2017). A technical description of the system is provided in Yu and Rinklebe (2011).

(1) Data logger (E,, pH, temperature)

(2) Automatic E, regulation by N, and
0, valves

(3) Dispersion tube for N,

(4) Redox potential electrode

(5) pH electrode

(6) Stirrer

(7) Thermometer

(8) Sampling aperture

(9) Dispersion tube for O,

Data logger

(10) Gas outlet
(11) Glass vessel

Figure 3-3: Automated biogeochemical microcosm system.
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The range of Ey values typically measured in wetland soils, such as floodplain soils, is
from 700 mV to -300mV (DeLaune and Reddy, 2005; Reddy and DeLaune, 2008; Yu and
Rinklebe, 2011). Soils are commonly classified as oxidized soils at Ey values > 400 mV or
> 350 mV (Karathanasis et al., 2003; DelLaune and Reddy, 2005; Dorau and Mansfeldt,
2016). Other classifications are often not closely confined. Here, the redox condition rang-
es were adopted from Bohn (1971): The Ey range 100 to 400 mV is classified as moderate-
ly reduced soils. Reduced soils are between -100 and 100 mV, and highly reduced soils are
at Ey -100 to -300 mV.

3.3.1 Soil treatment with biochars and SBFL

For the microcosm experiment with the addition of commercially available or commercial
by-product materials contaminated Wupper soil (CS) was amended with biochar based
material (BC) and sugar beet factory lime (SBFL): Both, BC and SBFL, were separately
applied to the soil at a rate of 10 g/kg soil. The soil and the amendments were mixed thor-
oughly and subsequently used for a pot experiment (Shaheen and Rinklebe, 2015; Shaheen
et al., 2015). After the experiment, the soil was dried, crushed, and stored in the laboratory
for ten months allowing a proper aging. Thus, the total time was about one year after mix-
ture before the soil was used for the redox experiment, which is called BC & SBFL exper-
iment for conciseness here. Major properties of the used amendments BC and SBFL are
given in Table 3-4.

For the microcosm experiment with the addition of laboratory-produced biochars two sub-
samples of the contaminated Wupper soil were amended with either BC200 or BC500.
Both, BC200 and BC500, were applied to the subsamples at a rate of 80 t/ha. The soil and
the amendments were mixed thoroughly, subsequently maintained at 70% water holding
capacity and incubated at 25 °C for 40 days. After the incubation, the soil was spread for
air-drying and subsequently used for the redox experiment, which is called BC200 &

BC500 experiment for conciseness here.
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3.3.2 Experiments under pre-set redox conditions

For the BC & SBFL experiment CS, CS+BC, and CS+SBFL were each separately added
into three independent biogeochemical microcosms (replications) and inundated. Thus, 9
microcosm systems (MCs) were used, allowing three replicates of each of these soils in
order to obtain replications that cover the natural soil heterogeneity.

The MCs were filled with 200 g air-dried soil mixed with 1600 mL of water collected from
the Wupper River to obtain a ratio 1:8. The achieved slurry was continuously stirred to
reach homogeneous conditions. Ten g grinded wheat straw (34.6 % carbon) was added for
each MC as an additional carbon source for soil microorganisms after 24 hours of incuba-
tion. The straw contained (in mg/kg): 49.8 aluminum, 1.6 copper, 63.3 iron (Fe), 4.5 man-
ganese (Mn), 268.8 sulfur (S), and 11.8 zinc (Zn). Contents of total Hg (Hg:) and other
potentially toxic elements were below the detection limit of cold vapor atomic fluores-
cence spectrometry (CV-AFS) and inductively coupled plasma optical emission spec-
trometry (ICP-OES) (see below). The straw addition was repeated after 48 hours. Similar
to the straw 5 g of glucose was added after 24 hours of incubation to each MC. Another 10
g of glucose (two times 5 g) was added per MC six days after the incubation. These
amendments and the continuously flushing of the MCs with nitrogen (N,) efficiently de-
creased redox potential (En) levels.

Redox conditions (in mV) were changed stepwise from highly (-142 in CS, -138 in
CS+BC, and -260 in CS+SBFL) to moderately reduced conditions (311, 303, and 310,
respectively) during the experiment. Seven pre-defined redox windows (Ey windows) were
sampled within this range.

After the sampling around Ey -125 mV in CS and CS+BC as well as -205 mV in
CS+SBFL Ep-values were gradually increased by adding synthetic air (at low Ey) or oxy-
gen (at higher Ey) since the Ey could not be further lowered by means of N, supply. In
general, the Ey was controlled by the supply of oxygen (O,) or N3 in the described way.
Different Ey-windows were set, reached, and kept stable by automatically flushing the
slurry with O, or Ny, respectively. Redox potential was maintained for approximately 24
hours within each of these pre-set Ey-windows. Subsequently, samples were collected
from the MCs before moving to the next Ey-window. Redox potential, pH, and tempera-
ture in each MC were automatically recorded every ten minutes by a data logger. The pH
of MC No. 3 in CS was not recorded regularly due to a technical error of the pH-electrode.
For this MC, pH was measured by a manual device at the moment of sampling and these
values were used for statistical analyses (Fig. 0-1, Appendix A). Therefore, the number of
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samples (N) for the pH values was 7,400 in CS, 10,296 in CS+BC, and 10,329 in
CS+SBFL (Table 0-1, Appendix A). The total incubation period was 24 days (576 hours)
at room temperature.

For the BC200 & BC500 experiment CS, CS+BC200, and CS+BC500 were added into
four biogeochemical microcosms each in order to obtain replications that cover the natural
soil heterogeneity. Thus, twelve biogeochemical microcosms were used in total. The MCs
were filled with 210 g air-dried soil mixed with 1680 mL of water collected from the
Wupper River. The achieved slurry was continuously stirred to achieve homogeneous con-
ditions. Twenty g of the above-mentioned grinded wheat straw and 5 g of glucose were
directly added to each MC as an additional carbon source for soil microorganisms. Another
5 g of glucose were added after 45 hours of incubation to each MC. These amendments
and the continuously flushing of the MCs with N, efficiently decreased Ey levels similar to
the BC & SBFL experiment. In general, the operational procedure of the BC & SBFL and
the BC200 & BC500 experiment was identical. Therefore, differences of the BC200 &
BC500 experiment are mentioned here solely. Nine redox windows were set in line with
this experiment covering the range between -300 mV and 300 mV. However, the buffering
capacity of the soil limited the effective range to ~ -150 to 307 mV. Lower windows were
set after the highest redox window had been sampled. By this the windows 100 mV and
200 mV were sampled twice. Thus, using the redox condition ranges classified by Bohn
(1971) redox conditions in the course of the experiment varied between highly and moder-

ately reduced conditions.

3.3.3 Slurry sampling and processing

In the course of the BC & SBFL experiment slurry samples with a volume of 50 ml were
collected approximately 24 h after reaching each new Ey-window by using a syringe con-
nected with a Teflon tube of about 20 cm length. Next to each sampling a quantity of 7 ml
was transferred into new glass bottles and stored at 2-8 °C for the analysis of MeHg and
EtHg. The remaining slurry sample material was immediately centrifuged at 4000 rpm for
15 min and the supernatants were subsequently filtered under N,-atmosphere through a
0.45 pm Millipore membrane (Whatman Inc., Little Chalfont, UK). This filtrate was divid-
ed into different subsamples for analysis. The solid material which remained in the centri-
fuge tubes was collected and stored at -20 °C until phospholipid fatty acid (PLFA) analy-

SiS.

28



In the course of the BC200 & BC500 experiment 65 ml of slurry were collected. Subse-
quent to each sampling samples were transferred and processed in a glove box (MK3 An-
aerobic Work Station, Don Whitley Scientific, Shipley, UK) under anaerobic conditions
(0-0.1% 0O,). First, a quantity of 7 ml was transferred into new glass bottles and stored at
2-8 °C for the analysis of MeHg and EtHg. The remaining slurry sample material was im-
mediately centrifuged at 5000 rpm for 15 min and the supernatants were subsequently fil-
tered under Ny-atmosphere through a 0.45 um nylon filter membrane (Thermo Scientific,
Rochester, USA).

3.4 Soil hydrological monitoring stations at the Saale-Elbe conflu-
ence

Two soil hydrological monitoring stations were established at the study sites to examine
the solubility of Hg in the soil solution with regard to variable chemical and physical pa-
rameters. Devices for groundwater monitoring and for sampling were integrated in the
monitoring stations. This allows to directly measure control factors in the soil solution
such as water level, pH-value, temperature and conductivity and to take groundwater sam-
ples either event-driven or at defined time intervals. Each monitoring station is divided in
several self-sufficient modules. Module 1: measurement of soil humidity, soil temperature,
water tension (at 3 different depths) and sampling of soil solution (at 3 different depths
including 3 repeats); module 2: automatic sampling of groundwater with direct measure-
ment of temperature, pH-value, redox potential and conductivity; module 3: central data
acquisition. Each module is equipped with a separate photovoltaic solar power device.

Each measuring field of the stations is equipped with a suction cup which can provide
three replicates of soil solution each in three different depths (Table 3-7). The measure-
ment sensors are installed in the middle of the respective soil horizon. Water levels were
measured via pressure determinations by means of multi-sensor modules (UIT, 2002) or by
sonic water level meters, respectively. Soil humidity was determined by the FDR tech-
nique (Delta-T Devices Typ ML1-UM-2). For measurement of soil temperature sensors of
tolerance class A according to DIN in four wire technique (Sensortyp PT 1000) with a
measuring range from -30 °C to 80 °C and a resolution of 0.1 °C were used. Water tension
was determined in the upper soil depth by means of needle sensor tensiometers with a di-
ameter of 10 mm and in the lower depths by means of standard tensiometers with a diame-
ter of 35 mm. Ceramic suction cups (type SK 2) with a pore diameter of 2.5 um and a di-
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ameter of 50 mm were used for extraction of soil solution. The suction head consists of >
90% Al,0O3 and about 10% of SiO,, Fe,O3; and TiO; as additional constituents. The air en-
try pressure is approximately 1 bar, the porosity amounts to 45 volume % and the saturated
hydraulic conductivity comes to 8.6 x 10° cm/sec. The cladding tubes consist of PVC
(UIT, 2002). The soil hydrological monitoring stations are equipped with rain gauges for
sampling. Starting with summer 2002, the monitoring stations were additionally equipped
with air temperature sensors. Daily means of precipitation and air temperature were pro-
vided by LAU Saxony-Anhalt (station Dessau).

Table 3-7: Equipment of the soil hydrological monitoring stations, examined types of
floodplain soils as well as installation depths.

Study site | Soil type Parameter (instrument) Depth [cm]
Saale 1 Calcic-Mollic soil temperature (PT 100) 30, 60, 100
Gleysol soil humidity (TDR)

water tension (tensiometer)
soil solution (suction cup)
groundwater (sonic water level meter) 500

Saale 2 Mollic Fluvisol | soil temperature (PT 100) 25, 60, 100
soil humidity (TDR)

water tension (tensiometer)
soil solution (suction cup)
groundwater (sonic water level meter) 500

3.5 Analytical procedures
3.5.1 Total mercury analysis

In the course of the BC & SBFL microcosm experiment a 10 ml subsample of slurry sam-
ple filtrate was filled into borosilicate glass bottles with PTFE-lined caps and preserved
with 200 pl 0.2 M bromine monochloride solution (BrClI) (U.S. EPA Method 1631, 2002).
Prior to bottling borosilicate glass bottles were rinsed with acid (10% HNO3), 0.2 M bro-
mine monochloride solution (BrCl) (U.S. EPA Method 1631, 2002) and ultrapure water
(via Milli-Q® Reference, Merck, Darmstadt, Germany). The obtained subsamples were
used for the determination of Hg; and stored at 2-8 °C until analysis. Total Hg was meas-
ured using cold vapor atomic fluorescence spectrometry (CV-AFS) (mercur duo plus, Ana-
Iytik Jena, Jena, Germany). A 7-point calibration curve was generated by preparing deion-

ized water diluted Hg standard solutions from a 1000 mg/l Hg standard solution (CertiPur,

30



Merck) and by means of a blank sample. The instrument drift was controlled by the analy-
sis of an intern reference sample every 10 samples. It was found to be satisfying for all
measurements. The detection limit was 50 ng/l for CS and CS+BC samples and 27 ng/| for
CS+SBFL samples. Each sample was measured three times. The relative standard devia-
tion of these repeated measurements was below 5% for all samples.

During the BC200 & BC500 microcosm experiment Hg: sample processing was basically
identical to the BC & SBFL experiment while Hg; was measured with atomic absorption
spectrometry (AAS) using a DMA-80 direct mercury analyzer (MLS GmbH, Leutkirch,
Germany). Quality of the measurements was controlled by means of certified reference
materials obtained from the Federal Institute for Materials Research and Testing (BAM,
Germany) BRM#09b: Hg: 1.02 (0.85-1.19) mg/kg, BRM#12: Hg: 8.86 (8.48-9.24) mg/kg,
and material obtained from the National Institute of Standards and Technology (NIST,
USA) SRM 1575a: 0.0399 (0.0392-0.0406) mg/kg. All recoveries fell within the designat-

ed range.

3.5.2 Mercury species analysis

The unfiltered 7 ml subsamples from microcosm slurry sampling (see Chapter 3.3.3) were
shipped on dry ice to the UFZ Helmholtz Centre for Environmental Research in Leipzig
where MeHg and EtHg were determined using gas chromatography with atomic emission
detection (GC-AED). Mercuric mercury was additionally quantified in one sample. A
quantity of 2 ml of the sample was spiked with 4 ml buffer solution (pH 4.5) and 20 pl Na-
propylborate solution (2% in tetrahydrofuran) and subsequently stirred for 10 min. The Hg
species were enriched from the aqueous phase by solid phase microextraction (SPME) in
the headspace mode onto a 100 um polydimethylsiloxane (PDMS) fibre for 30 min at 30
°C. Thermal desorption was achieved directly in the injector of the gas chromatograph for
1 min at 200°. The refined samples were stored at 15 °C until analysis and processed au-
tomatically by a multipurpose sampler (MPS2, GERSTEL, Mulheim an der Ruhr, Germa-
ny). The Hg species were analyzed with a gas chromatograph Hewlett-Packard 6890 (Ag-
ilent, Waldbronn, Germany) equipped with a HP1 column (30m x 0.25 mm x 0.25 pm)
using helium (He) as carrier gas and a microwave-induced plasma atomic emission detec-
tor (jas 2350, jas GmbH, Moers, Germany). The Hg emission line 254 nm was examined.
The detection limits were 0.8 ng Hg/l for MeHg and 2 ng Hg/l for EtHg. The quality of
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analyses was controlled using the reference materials IAEA-405, IAEA-433, and CRM
580.

For the Saale-Elbe confluence study area Hg(ll) in precipitation, soil solutions, and
groundwater was determined by the method described above with the following modifica-
tions concerning sample processing: (1) manual SPME, (2) no temperature control for

samples, (3) 1 ml sample was mixed with 2 ml of buffer.

3.5.3 Multi-element analysis

A 10 ml subsample of the slurry sample filtrate was stabilized by the addition of 100 pl
65% HNOj3 and used for the determination of Fe, Mn, S, and other elements by inductively
coupled plasma optical emission spectrometry (ICP-OES) (Ultima 2, Horiba Jobin Yvon,
Unterhaching, Germany). Analyses of multi-element standards (CertiPur, Merck) were
routinely included into the quality control. Maximum allowable relative standard deviation
between replicates was 5 %. Additionally, a test of recovery was carried out at five differ-
ent concentration levels (1000, 100, 50, 25, and 12.5 pg/l) as an internal quality control.
The average relative standard deviation (RSD) was less than 3 %. The detection limits
were 6.2 pg/l for Fe, 1.4 pg/l for Mn, and 60 pg/l for S. Maximum allowable relative
standard deviation between replicates was 5 %.

3.5.4 Dissolved organic carbon, DIC, SO,*, CI', and PO,* analysis

A second 10 ml subsample of slurry sample filtrate was stored in a freezer at -20 °C until
analysis. This subsample was used for determination of DOC, DIC, SO,%, CI', and PO,*:
Dissolved organic and inorganic carbon was measured with a C/N-analyzer (multi N/C
2100 S, Analytik Jena, Jena, Germany). Measurements included two replicates for each
sample with a detection limit of 1 mg/l. Sulfate, CI, and PO,> were determined using 5 ml
of the subsample and an ion chromatograph (Personal IC 790, Metrohm, Filderstadt, Ger-
many) with a Metrosep A Supp 4 - column (Metrohm, Filderstadt, Germany). A 2-point
calibration was conducted. The detection limit was 0.03 mg/I.
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3.5.5 Phospholipid fatty acid analysis

The solid material which remained in the centrifuge tubes was collected and the material of
the replicates was merged and homogenized. These composite samples were stored at -20
°C until phospholipid fatty acid (PLFA) analysis.

Phospholipid fatty acid analysis was used to assess the microbial community and to identi-
fy changes in the SRB community in the solid phase collected from CS, CS+BC, and
CS+SBFL at the initial Ey (subsequent to flooding of the soils), at the time highest MeHg
concentrations were measured in the liquid phase, and at high Ey (at the end of the experi-
ment). Phospholipid extraction and PLFA analysis were performed on 2 g of frozen soil
samples following the standard procedure described by White et al. (1979) and Frostegard
et al. (1991). The PLFAs were designated according to Feng et al. (2003b). Additional
details on the method are provided in Rinklebe and Langer (2006; 2013) and Langer and
Rinklebe (2009).

In the course of the BC200 & BC500 experiment PLFA analysis was performed for each

sampled Ey-window.

3.5.6 PLFAs considered to identify the sulfate-reducing bacteria com-
munity
Divers fatty acids have been found in sulfate-reducing bacteria (SRB) but only a few are
recognized biomarkers. However, several genera of SRB possess significant proportions of
specific PLFA with unusual structures that are suitable biomarkers (Lovley et al., 1993;
Londry et al., 2004). The fatty acids i17:107c and 10Me16:0 are narrowly distributed or
constitute only small amounts in bacteria other than SRB while they are the major fatty
acids of the genera Desulfovibrio (i17:1w7c) and Desulfobacter (10Mel16:0) (Macalady et
al., 2000). However, the methyl-branched fatty acids 10Mel6:0 and 10Mel8:0 can be
found in both SRB and actinomycetes (Sundh et al., 1997) and research by Dowling et al.
(1986) indicated that the presence of 10Me16:0 in absence of high levels of 10Me18:0 has
the potential to act as a specific biomarker for the SRB genus Desulfobacter. Thus, SRB
that possess 10Mel16:0 do not contain considerable quantities of 10Me18:0 while actino-
mycetes possess relatively large amounts of 10Mel8:0 with some of them containing
10Mel16:0 but in lower amounts (Kroppenstedt and Kutzner, 1978; Sundh et al., 1997).
Moreover, Macalady et al. (2000) complied available information on PLFA abundances
within 100 isolated SRB strains and found that the fatty acid 10Me18:0 has been detected
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in marine Desulfobacter sp. Strain 3ac10 solely among the 16 Desulfobacter isolates con-
sidered. Hence, it seems likely that 10Me16:0 is indicating the presence of the SRB genus
Desulfobacter whenever its concentrations are higher than those of 10Me18:0 or when
10Me18:0 is not detected (Smith et al., 1986; Sundh et al., 1997). Edlund et al. (1985)
found that i17:1w7c was the major component in five of six Desulfovibrio species. Similar
results were obtained by Vainshtein et al. (1992) who revealed that iso-branched 17:1, and,
In many cases, i1s0-15:0 were the predominant PLFAS in eighteen type strains of the genus
Desulfovibrio. This was particularly true for the “classical” desulfovibrios, among them
Desulfovibrio desulfuricans a well-known Hg-methylating bacterium (Vainshtein et al.,
1992; Parks et al., 2013; Wang et al., 2016). Contrary to i17:1w7c¢ iso-15:0 is not regarded
as a SRB specific biomarker but as a common biomarker for bacteria (Vestal and White,
1989). However, Sundh et al. (1997) found a strong positive correlation between i17:1w7¢
and i15:0 in peat samples and concluded that both fatty acids originate from desulfovibri-
0s. In some studies 10Mel6:0 and 117:1w7c were the only fatty acids considered as SRB
biomarkers (e.g. Boon et al., 1996; Sundh et al., 1997; Yu and Ehrenfeld, 2010). Neverthe-
less, the unusual fatty acid 17:1w6 is a major component of the SRB genus Desulfobulbus
and can be used as indicator for its presence (Parkes and Calder, 1985; Vestal and White,
1989; Lovley et al., 1993). Desulfobulbus species do not possess branched fatty acids but
consist of straight-chain saturated and monounsaturated fatty acids such as 15:0, 15:1, and
17:1 (Lovley et al., 1993; Macalady et al., 2000). Last named fatty acids are known to be
widely distributed among bacterial taxa (Macalady et al., 2000). They may still be useful
indicators of Desulfobulbus in the presence of 17:1m6 due to the knowledge of their high
abundance in this genus. Similarly, odd carbon number branched fatty acids coexist with
the biomarker i17:1®7c¢ in Desulfovibrio which may in certain cases increase the indication
for the presence of this genus (Jiang et al., 2012). Next to i15:0 (e.g. Sundh et al., 1997)
al5:0 (Vainshtein et al., 1992), i117:0, and a17:0 (Jiang et al., 2012; Vetter et al., 2012) may
support the indication for Desulfovibrio. Furthermore, Macalady et al. (2000) found that
Desulfobacter isolates contain high relative amounts of the cyclopropyl fatty acids cy17:0
and cy19:0 next to the biomarker 10Me16:0. Both, cy17:0 and cy19:0, have been suggest-
ed as biomarkers for anaerobic bacteria and indicators of Gram-negative bacteria but
cy19:0 was also found in substantial amounts in a Gram-positive strain which has influ-
enced the interpretation on these fatty acids (Vestal and White, 1989; Schoug et al., 2008;
Frostegard et al., 2011; Derrien et al., 2014).
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3.5.7 BC200 & BC500 ultraviolet (UV) absorbance at A = 254 nm

In the course of the BC200 & BC500 experiment a part of the remaining filtrate was used
to determine the ultraviolet (UV) absorbance at A = 254 nm spectrophotometrically (Dr.
Lange CADAS 200, Hach Lange GmbH, Dusseldorf, Germany) to calculate the specific
UV absorbance at 254 nm (SUVAs4) by dividing UV absorbance at 254 nm relative to a
Milli-Q reference by the DOC concentration of the sample (Weishaar et al., 2003).

3.6 Calculations, statistical analysis, and graphics

During the BC & SBFL and BC200 & BC500 microcosm experiments Ey and pH values
had been automatically recorded in a data logger every 10 minutes. These data served as
the underlying dataset to calculate the mean values of Ey and pH levels for 3, 6, 12, and 24
hours prior to sampling (Microsoft Excel 2010). Correlation analyses were performed be-
tween these Ex/pH values and the mean concentrations of Hg;, MeHg, EtHg, DOC, SO,*,
CI', PO,¥, Fe, and Mn which were computed by dividing the sum of analysis results for the
individual replications by the number of MCs used per soil type (Microsoft Excel 2010).
The closest correlations were found for the results 6 hours before sampling and were there-
fore used for statistics. The programs IBM SPSS Statistics 25 and GraphPad Prism 5 were
used for descriptive statistics and calculating correlations. GraphPad Prism 5 and Origin
2015G were used to create graphics. Canonical discriminant analysis (CDA) and principal
component factor analyses were performed with IBM SPSS Statistics 25. The latter were
carried out using principal components for factor extraction, followed by the varimax rota-
tion procedure to make components easier to interpret. Component plots in rotated space
were used to provide a visual representation of factor analyses loadings plotted in a 2-
dimensional space.

Data from the soil hydrological monitoring stations was processed by means of the pro-
grams IBM SPSS Statistics 25 (graphics, statistics, correlations), Microsoft Excel 2010
(descriptive statistics), GraphPad Prism 5 (graphics, descriptive statistics), and Origin
2015G (3D bar graphs).
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4. Mobilization of mercury species under dynamic redox condi-
tions in a contaminated Wupper floodplain soil as influenced by
biochar and sugar beet factory lime

4.1 Short introduction Chapter 4

Mobilized Hg species in soil solution are subject to transport and may enter the food chain.
With respect to the toxicity of Hg species this is of major concern for human health. It is
therefore of interest to explore methods capable to immobilize such toxic Hg species. The
two amendments BC and SBFL were investigated for this purpose by utilization of micro-
cosms under controlled redox conditions. It is suggested that Hg species are attracted to
specific binding sites, preferably such resulting in a strong binding and thus Hg immobili-
zation. The selected amendments, BC and SBFL, differ largely in their chemical composi-
tion and in types of functional groups which can potentially interact with Hg. Roughly,
interaction of Hg with BC or SBFL is governed by organic or inorganic components, re-
spectively. The aim of the present study is therefore to study the capability and efficiency
of the two different amendments to bind soluble Hg species. Concept and methodology of

this chapter are illustrated in Figure 4-1.

Contaminated soil Flooding: Redox .
experiment using Hg, Filtrate
Automated
Biogeochemical MeHg o
i url
Microcosms EtHg ry
Parameters potentially affecting
Hg release and nature
Biochar
Ey
Slurry
pH
i DOC
SO,z
Filtrate
Sugar beet Cr
factory lime Fe
Mn
three replicates PLFA Solid material

Figure 4-1: Graphical sketch illustrating the experimental design of the microcosm experiment to
study the effects of biochar and sugar beet factory lime on Hg mobility and Hg species formation
considering the influence and interdependency of several parameters which potentially affect Hg
mobility.
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4.2 Results and Discussion

4.2.1 Soil E4 and pH

The Ey (Ey all; data measured every 10 min during the experiment) in the slurries of CS
and the treatments (CS+BC and CS+SBFL) varied between highly reduced conditions and
moderately reduced conditions (Fig. 4-2, Table 0-1).

CS
400+ r8.0
i Ey [mV]
300- © o PH
7.0
200 6.5
6.0
< 1004
£ 55 ©
= x
w04 5.0
4.5
-100
4.0
-2004 ~-3.5
]—3
-300 T T T T T +0
0 100 200 300 400 500 600
Incubation Time [h]
CS+BC
400+ -8.0
I Ey [mV]
300 ~ == PH
7.0
200+ 6.5
6.0
= 100+
13 5.5 ©
— x
w0 5.0
4.5
-100
4.0
-200 L 3.5
-I-z
-300 T T T r T +0
] 100 200 300 400 500 600
Incubation Time [h]
CS+SBFL
400+ 8.0
-© — Ey[mV]
D 75 ... pH
3004 ..
L > 7.0
200+ -6.5
6.0
< 1004
£ 55 ©
= =
w0 5.0
4.5
-100
4.0
-2004 -3.5
'I—3
-300 T T T T T +0
0 100 200 300 400 500 600

Incubation Time [h]

Figure 4-2: Development of redox potential Ey (solid line), pH (dashed line), and sampling points
(circles) in soil slurry (data every 10 min, averages were reported for an underlying dataset (n =
10,330) of three replicate samples) in the microcosms of untreated contaminated soil (CS), CS treat-
ed with biochar (CS+BC), and CS treated with sugar beet factory lime (CS+SBFL).
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The pH (pH all) values ranged between extremely acidic to neutral (CS), slightly alkaline
(CS+SBFL), and moderately alkaline (CS+BC) (Table 0-1). The pH in the slurry of CS
and the treatments was inversely related to Ey (r = -0.77; p < 0.01; n = 7,400 in CS; r = -
0.56; p < 0.01; n = 10,293 in CS+BC; and r = -0.54; p < 0.01; n = 10,329 in CS+SBFL)
(Fig. 4-2). The inverse relationship between pH and En might be attributed to the con-
sumption of protons required for the reduction of NOz', Mn**, Fe**, and SO, (Yu et al.,
2007; Reddy and DelLaune, 2008). In general, pH results indicate that the application of
both BC and SBFL to CS increased the pH in soil slurry (Fig. 4-2, Table 0-1).

4.2.2 Impact of Ep/pH changes on mobilization of Hg,, MeHg, and
EtHg in CS, CS+BC, and CS+SBFL

The considerable contents of Hg in the studied soil rendered the possibility of substantial
Hg releases in the course of flooding and En/pH changes. From the LCF results we can
deduce that most of Hg; in the soil is present in the form of divalent mercury (Hg(ll))
which is generally the dominant Hg species in soil (Amde et al., 2016; Beckers and
Rinklebe, 2017). Next to the high Hg(ll) content, MeHg content of the soil was very high,
while EtHg content was similar to contents reported from the Florida Everglades (Cai et
al., 1997; Mao et al., 2010; Kim et al., 2015).

Released Hg; concentrations in CS (5.4-41.9 ug/l) are very high considering concentrations
of dissolved Hg; that can be found in natural uncontaminated river waters (0.001-0.005
ug/l), lake waters (0.0002-0.08 ug/l), groundwaters (0.0001-0.016 pg/l), and rain (0.005-
0.09 pg/l) (Leopold et al., 2010). They were higher than concentrations found in Hg mine
water runoff in Texas (0.0079-0.014 ug/l) (Gray et al., 2015) and comparable to concentra-
tions determined in Hg mine drainage in California (ranging up to 280 ug/l) (Rytuba,
2000). Thus, flooding of the soil and alteration of Ey released substantial amounts of Hg;
which exceeded the Maximum Contaminant Level for Hg in drinking water (2 pg/l) rec-
ommended by the U.S. Environmental Protection Agency (U.S. EPA, 2009) and the trigger
value for the assessment of the soil — groundwater pathway (1 pg/l) of the BBodSchV
(1999). However, it has to be considered that the loss of soil structure and the continuous
stirring of the flooded soil may have favored Hg release.

The mobilization of Hg;, MeHg, and EtHg in CS and in CS+BC was generally high at low
En and decreased with increasing Ey (Fig. 4-3). Consequently, several significant negative
correlations between Hg species and Ey were determined (Table 0-2, Appendix A).
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Contaminated soil (CS) Contaminated soil + Biochar (CS+BC) Contaminated soil + Sugar beet factory lime (CS+SBFL)
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Figure 4-3: Impact of pre-defined Ey-conditions on release dynamics of total Hg (Hg,), methylmercury (MeHg), ethylmercury (EtHg), dissolved organic carbon (DOC),
dissolved inorganic carbon (DIC), sulfate (S0,%7), chloride (CI°), iron (Fe), manganese (Mn), and pH in a contaminated soil (CS) compared with a contaminated soil
treated with biochar (CS+BC) and a contaminated soil treated with sugar beet factory lime (CS+SBFL). Columns represent mean and whiskers represent standard devi-
ation of three replicates using biogeochemical microcosm systems.

39



The addition of BC and SBFL particularly influenced the release of Hg; and partially
changed the time when highest concentrations were measured.

In CS, the concentrations of dissolved Hg; slightly increased from Ey -88 mV to -128 mV
while increasing the Ey resulted in lower concentrations at Ef 119 mV. In CS+BC Hg;
concentrations were lower at an Ey of -122 mV indicating that the added BC curtailed the
dissolution of Hg; at this Ey (Fig. 4-3). Thus, we found a distinct difference in Hg; release
between CS and CS+BC at an Ey of about -125 mV. The pattern of dissolved Hg; in
CS+SBFL differed from those in CS and CS+BC and Hg; concentrations were generally
lower (Fig. 4-3, Table 0-1). The highest measured concentration was 15 pg/l and conse-
quently constituting 35% and 59% of the maximum Hg; concentrations found in CS and
CS+BC, respectively. The lowest sampled Ey in CS+SBFL (-204 mV) was significantly
lower than those sampled in CS (-128 mV) and CS+BC (-122 mV) (Fig. 4-3). The concen-
tration of Hg; in CS+SBFL remained in the same order of magnitude (3-9 pg/l) despite Ey
fluctuations. These findings indicate that the SBFL amendment diminished the release of
Hg: from CS.

The amendment of CS with BC decreased the maximum Hg; concentration (Table 0-1).
The addition of SBFL was more efficient; the Hg; concentration range was considerably
lower. Still, Hg; concentrations in both CS+BC and CS+SBFL exceeded the trigger value
for the assessment of the soil — groundwater pathway of the BBodSchV (1999).

The pattern of Hg; concentrations in CS+BC was of particular interest. It seems that the
added BC curtailed Hg mobilization primarily at one particular Ey (Fig. 4-3). Under highly
reduced conditions at an Ey of around -125 mV Hg; concentration in CS+BC was reduced
by 65% compared to CS while little deviations between CS and CS+BC Hg; concentrations
were found for the following E4 windows. This suggests that BC provided redox sensitive
binding sites for Hg. One possible explanation are BC associated disulfide bridges which
turned into two thiol groups under highly reduced conditions providing strong binding sites
for Hg lowering dissolved Hg; concentrations. Mercury could have been released again
with changing Ey due to the redox sensitivity of the disulfide bridges. Such disulfide-
dithiol sites exist in biological systems and are part of enzyme-based microbial Hg re-
sistance (Robinson and Tuovinen, 1984; Barkay et al., 2003).

The amendment of CS with SBFL resulted in lower Hg; concentrations irrespective of Ey
window (Fig. 4-3). The bulk material SBFL mainly consists of lime whose chemical com-
position depends on its origin. Calcium oxide (CaO) is usually the main constituent of lime
while silicon dioxide (SiO,), Al,O3, Fe,03, MgO, and calcium carbonate (CaCOg) are pre-

40



sent in variable amounts (Panda et al., 2012; Kili¢, 2013; Zumrawi and Hamza, 2014; Sar-
sam et al., 2017). However, the main constituent of carbonated lime, such as SBFL, is Ca-
COg, which accounted for more than 80% of SBFL (Shaheen and Rinklebe, 2017). Sorp-
tion of various metal ions such as Cd**, Mn?*, Zn*, and Co?* on CaCO; has been shown
(Comans and Middelburg, 1987). In this context, two reactions were identified: an initial
rapid uptake and a subsequent slow precipitation, i.e. a more stable incorporation of the
metal into the crystal lattice (Comans and Middelburg, 1987; Papadopoulos and Rowell,
1988). Calcium carbonate has been successfully utilized to remove Hg from coal flue gas
(Hutson et al., 2008) or oil field brine (Fazlollahi et al., 2014). Furthermore, other constitu-
ents of lime, such as SiO, exposing hydroxyl groups (=Si-OH) (Tiffreau et al., 1995), iron
oxides (Bonnissel-Gissinger et al., 1999), and CaO (binding HgCl,) (Guo et al., 2007;
Sasmaz and Wilcox, 2008) are capable to bind Hg. Heeraman et al. (2001) showed that
lime amendment significantly reduced Hg mobilization in soils. Moreover, calcareous soils
were found to release less bioavailable Hg compared to acidic soils (Frey and Rieder,
2013). Apparently, the binding sites of SBFL had a strong potential to reduce Hg; in

CS+SBFL at all Eys studied in the experimental conditions.

The highest MeHg concentrations in CS were found at Ey values of -128 mV (40 ng/l) and
119 mV (27 ng/l), and similar patterns were observed in CS+BC and CS+SBFL (Fig. 4-3,
note the Ey). In general, a clear increase in MeHg was found at an Ey around -100 mV in
CS and the treatments. Such increase at the given Ey was probably related to Hg methyla-
tion rather than MeHg release. In CS+SBFL MeHg concentrations were comparatively low
at Ey -204 mV, indicating that the prevailing conditions at this particular low Ey did not
seem to favor MeHg release or Hg methylation. On the other hand, we may conclude that
an Ey above -90 mV was probably too high for optimal Hg methylation, since the MeHg
results for CS at -88 mV and CS+BC at -80 mV were also relatively low. Following this
assumption, methylation peaked between -204 and -90 mV in CS and the treatments, and
decreased thereafter, which would explain why we found a higher MeHg concentration in
CS+SBFL compared to CS and CS+BC at Ey window 0 mV (Fig. 4-3). On the other hand,
the highest measured MeHg concentration in CS+SBFL was almost half as high as in CS,
and variations of dissolved MeHg in CS+SBFL were not as pronounced as in CS and
CS+BC (Table 0-1, Fig. 4-3).

Correlations between MeHg and Hg; were missing in CS and CS+BC (Table 0-2), proba-

bly due to the strong in- and decrease of the MeHg concentrations and the low Hg; concen-
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tration at Ey ~ -125 mV in CS+BC (Fig. 4-3). In CS+SBFL, a modest positive correlation
between MeHg and Hg; was found, which is relatively rarely observed, as the amount of
bioavailable Hg in Hg; may vary, and since it is suggested that MeHg production is rather
limited by microbial methylation potential than by Hg bioavailability (Frohne et al., 2012;
Feng et al., 2014; Bowman et al., 2015). Consequently, Frohne et al. (2012) assumed that
Hg: has limited utility as a predictor of Hg net methylation. Despite the fact that Hg meth-
ylation is primarily taking place under anaerobic conditions, significant correlations be-
tween MeHg and Ey are usually missing (DeLaune et al., 2004; Sunderland et al., 2006;
Frohne et al., 2012). Consistently, a significant negative correlation between MeHg and E
was only found in CS+BC (Table 0-2).

The highest dissolved EtHg concentration in CS was measured at Ey -88 mV. However,
the high relative standard deviation indicates that the general pattern in CS was not signifi-
cantly different from those in CS+BC and CS+SBFL. In general, EtHg concentrations in
CS and CS+BC were around 20 ng/l for samples collected at Ey values below 0 mV (Fig.
4-3). Concentrations decreased slightly with increasing Ey. Consequently, significant nega-
tive correlations between EtHg and Ey were detected in CS and CS+BC (Table 0-2). Mean
EtHg concentrations were similar in CS, CS+BC, and CS+SBFL. Also, no significant de-
crease in EtHg was detected due to the amendment of CS with BC or SBFL (Table 0-1). A
relation between EtHg and Ey was missing in CS+SBFL. Instead, strong positive correla-
tions were found between EtHg and Hg; in CS+SBFL and CS+BC (Table 0-2). The ab-
sence of this correlation in CS might be due to the high EtHg concentration determined for
the sampling at Ey -88 mV.

Ethylmercury contents found in soils of the Florida Everglades in absence of obvious an-
thropogenic sources indicate that biotic and abiotic alkylation may provoke widespread
existence of EtHg in the environment (Cai et al., 1997; Mao et al., 2010). Formation of
EtHg has been found in tissues of common dwarf garden pea (Pisum sativum) after expo-
sure to elemental Hg vapor; and the presence of EtHg in St. Clair River sediments has been
explained by ethylmercury chloride formation when high-octane gasoline containing tetra-
ethyllead was combined with an aqueous solution of mercuric chloride (Fortmann et al.,
1978; Jernelév and Wennergren, 1980). The lack of knowledge on EtHg formation and
environmental fate is also due to the fact that EtHg concentrations in environmental sam-
ples other than soil are frequently below the detection limit (Beckers and Rinklebe, 2017).

However, it has been noted that EtHg is not very persistent and readily decomposes in the
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environment (Hintelmann, 2010). This suggests that concentrations determined in the
course of our experiment are rather a product of EtHg formation than of legacy EtHg re-
lease.

Positive correlations were found for Hg; and pH in CS and CS+SBFL (Table 0-2). Divalent
mercury shows a different behavior than most other divalent metals as its extent of adsorp-
tion is greatest in acidic media (Barrow and Cox, 1992; Yin et al., 1996; Sarkar et al.,
1999; Pelcové et al., 2010). It seems that Hg adsorption is particularly high at pH 3
(Pelcova et al., 2010; Xu et al., 2014). Increasing concentrations of CI" may reduce Hg
adsorption and sorption maximum may move to higher pH (Barrow and Cox, 1992). This
effect of CI" may not always be observed, as it depends on various parameters such as Hg
species and concentration, soil organic matter content, CI" and sulfide concentration (Yin et
al., 1996; Pelcova et al., 2010; Xu et al., 2014). Our results were similar to those of
Pelcova et al. (2010) who also found decreasing Hg adsorption with increasing pH. How-
ever, linear relationships between Hg; and pH are uncommon (Xu et al., 2014). Latter au-
thors observed enhanced Hg desorption from soil at pH 5 and 11 but generally found that
pH adjustment was insufficient for Hg removal since only up to 0.3% of soil Hg; was mo-
bilized at these pH values. Thus, the diminished Hg; concentration in CS+SBFL was prob-

ably the result of diverse binding sites of the liming material rather than of pH changes.

Based on the finding that intracellular accumulation and toxicity of Hg(Il) in model bacte-
ria E. coli HMS174 were both significantly enhanced with decreasing pH under anaerobic
conditions, it has been suggested that increased concentrations of Hg(ll) within methylat-
ing bacteria due to declining pH values would probably enhance methylation activity
(Golding et al., 2008). Consistently, strong negative relationships between MeHg and pH
are frequently reported (e.g. Ullrich et al., 2001) but were not found in our experiment
(Table 0-2). Mercury methylation is principally driven by microbial activity, and it is ac-
cepted that it occurs primarily under anaerobic conditions and that SRB mainly govern this
process (Compeau and Bartha, 1985; Beckers and Rinklebe, 2017). In fact, MeHg and
SO,* have been used as indicators of seasonal redox changes with high MeHg during low
S04 being indicative of reducing conditions (Ekstrom et al., 2016). However, not all bac-
teria of the SRB phylogenetic tree methylate Hg (Barkay and Wagner-Ddbler, 2005; Parks
et al., 2013), and certain strains of iron-reducing bacteria are also capable of methylating
Hg, while methanogens that are known to rather demethylate MeHg may become the pri-

mary methylators under specific environmental conditions (Fleming et al., 2006; Hamelin
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et al., 2011; Beckers and Rinklebe, 2017). Sulfate-reducing bacteria perform SO,* reduc-
tion under highly reduced conditions at Ens between -100 and -1000 mV (Dominique et
al., 2007; Fritsche et al., 2014). This is in good agreement with our finding that the concen-
trations of MeHg in CS and CS+BC sharply increased at an Ey of around -125 mV (Fig. 4-
3). The ratio of SO4* to CI" can be used as an indicator for SO, reduction (Alpers et al.,
2014). According to the latter authors, a decreasing ratio may indicate SO4* reduction
which in turn may be attributed to the SRB. However, significant negative correlations
between MeHg and (SO,*/CI") were not detected. The ratio of MeHg to Hg; is assumed to
reflect the methylation efficiency (Frohne et al., 2012; Alpers et al., 2014). Low MeHg/Hg:
rates are associated either with low Hg methylation or high demethylation rates (Remy et
al., 2006). The highest methylation efficiencies in CS and CS+BC were found at an Ey of
around -125 mV which falls within the range of SO4* reduction (DeLaune and Reddy,
2005) and supports the hypothesis that Hg methylation took place and was mediated by
SRB in our experiment. In CS the efficiency increase was about 3.7 fold, while it was
about 8 fold in CS+BC. In CS the methylation efficiency remained elevated at E; 119 mV,
decreased thereafter and persisted fairly constant afterwards. In CS+BC the methylation
efficiency had already declined at E4 96 mV and remained constant thereafter. The meth-
ylation efficiency in CS+SBFL was highest at E -80 mV and its preceding increase was
about 4.6 fold. The methylation efficiency in CS+SBFL was generally higher than in CS
and CS+BC: The highest methylation efficiency in CS+SBFL was about 5.3 times higher
compared to CS and about 1.9 times higher compared to CS+BC. Methylmercury concen-
trations are the result of ongoing methylation and demethylation processes (Lambertsson
and Nilsson, 2006; Lazaro et al., 2016). Therefore, MeHg concentrations found under re-
duced or moderately reduced conditions in our experiment may be partly explained by the
persistence of MeHg proportions after major net methylation of Hg had been taken place
earlier when Ey fell below -100 mV. According to Hintelmann (2010), most MeHg in
many aquatic environments is generated in the sediments, since MeHg production is basi-
cally the product of microbial activity and Hg(ll) bioavailability. At the same time de-
methylation rates within sediments are also very pronounced, leading to a standing MeHg
pool, which is suggested to constitute at most 1% of the Hg; (Hintelmann, 2010; Randall et
al., 2013). In contrast, demethylation activity is almost absent in water, making the little
MeHg transferred from sediments into the overlying water very persistent in this compart-
ment (Hintelmann, 2010). However, our MeHg results for CS and CS+BC indicate that
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comparatively high MeHg concentrations can be depleted within two days following con-
trolled Ey changes.

The positive correlations found between EtHg and pH in CS and CS+BC are in good
agreement with Pelcova et al. (2010), who found that EtHg adsorption to river sediments

was highest at pH 3-4.

4.2.3 Impact of DOC, SO,%, CI', PO,*, Fe, and Mn changes on mobi-
lization of Hg,, MeHg, and EtHg in CS, CS+BC, and CS+SBFL
A strong correlation between Hg; and DOC was found in CS and CS+BC (Fig. 4-3, Table
0-2). Positive correlations between Hg; and DOC were reported from numerous aquatic
ecosystems (e.g. Picado and Bengtsson, 2012; Hinkle et al., 2013; Johannesson and
Neumann, 2013) since DOC is generally regarded as the predominant ligand for both Hg;
and MeHg in oxic (sulfide-free) waters (Ravichandran, 2004; Gorski et al., 2008;
Chadwick et al., 2013). This link is principally attributed to the strong affinity of Hg; for
reactive (reduced) thiol functional groups within DOC (Ravichandran, 2004; Tsui and
Finlay, 2011; Frohne et al., 2012). However, as indicated by the absence of a similar corre-
lation in CS+SBFL, a positive correlation may not always be detected, since the binding is
controlled by a small fraction of dissolved organic matter molecules which contain these
thiol groups (Ravichandran, 2004). According to the latter author it is most likely to be
found when Hg; is mainly derived from wetlands and soils, where Hg; is discharged and
co-transported bound to organic carbon, as has been reported by Wallschlager et al. (1996).
This pattern is in good agreement with our findings in CS and CS+BC. In both CS and
CS+BC correlations between either Hg; or DOC with Fe or Mn are negative, indicating
that the release of Hg; or DOC at low Ey was not governed by the reductive dissolution of
particulate Fe and Mn oxyhydroxides (Fig. 4-3, Table 0-2). Instead, it seems that fine bio-
logically decomposed organic matter with associated Hg entered the aqueous phase upon
flooding of the soil. Figure 4-4 shows the strong influence of Ey and DOC on Hg; mobili-

zation in CS and the changing pattern due to the addition of BC and SBFL, respectively.
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Figure 4-4: Dependency of Hg, concentrations in soil solution from redox potential (E4) and DOC
displayed in a three-dimensional coordinate system. Bars show means of data obtained for CS,
CS+BC, and CS+SBFL. Bar colors correspond to the concentrations indicated by the color scale.

In CS+SBFL, a strong relation between the release of Hg; and DOC is unlikely since a
correlation between both parameters is missing. Positive correlations between DOC and
EtHg were found in CS and CS+BC. In general, similar correlations of Hg; and EtHg with
the other parameters were found in CS and CS+BC: Negative correlations were found with

Fe, Mn, and PO,* (in CS solely), while positive correlations were detected with pH, DOC,
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and SO,%. We may suggest that the analogous correlations in CS and CS+BC may not
necessarily indicate that the release or formation of EtHg is related to one of these parame-
ters, since the only correlations found for EtHg in CS+SBFL were those with Hg; and
MeHg (Table 0-2). However, congruent with the relation found in our experiment, Pelcova
et al. (2010) observed that the adsorption of EtHg to sediments decreased with SO,* addi-
tion. Contrarily, in CS+SBFL an analogous correlation was missing and EtHg concentra-
tions were comparable to CS and CS+BC, while SO,* concentrations were considerably
higher (Fig. 4-3, Table 0-2). Pelcova et al. (2010) increased the SO,* concentration in so-
lution to 50 and 200 mg/l, respectively, and found only slight differences in EtHg adsorp-
tion between these two concentrations. Thus, we may suggest that SO,* differences be-
tween CS and the treatments had little effect on EtHg concentrations measured in solution.
Chloride is a potentially important inorganic ligand for Hg in terrestrial and aquatic eco-
systems (Frey and Rieder, 2013; Jiménez-Moreno et al., 2013). Its concentrations may
influence both the formation and the stability of MeHg (Beckers and Rinklebe, 2017). It
has been indicated that abiotic and biotic demethylation of MeHg are more effective in
ecosystems containing higher CI” concentrations such as marine ecosystems than in fresh-
water ones (Compeau and Bartha, 1984; Jiménez-Moreno et al., 2013). Furthermore, the
presence of CI" may curtail dimethylmercury formation (Perrot et al., 2013). However, a
clear influence of changing CI" concentrations on Hg release or the formation of organic
Hg species could not be determined in our experiment (missing correlation; Table 0-2).
This is in good agreement with other studies which examined the influence of CI" on Hg
mobilization (Yin et al., 1996; Pelcova et al., 2010; Xu et al., 2014). The effect of changing
CI concentrations on Hg depends on diverse parameters, including Hg species and concen-
tration, OM content, CI" and sulfide concentration, and pH (Pelcova et al., 2010). Our re-
sults indicate that concentrations of dissolved Hg; were higher at lower CI" and higher
DOC concentrations in CS and CS+BC (Fig. 4-5). Higher CI" concentrations may provoke
the formation and precipitation of Hg,Cl,, thereby removing dissolved Hg (Kim et al.,
2004; Chen et al., 2017).
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Phosphate is seen as a proxy for organic matter (OM) mineralization, and it is suggested
that the relation between MeHg and PO,* indicates that the MeHg production is linked to
the availability and remineralization of OM (Cossa et al., 2009; Lehnherr, 2014). Thus,
biological production would promote both higher MeHg and PO,> concentrations in solu-
tion (Cossa et al., 2009). The significant positive correlation found for MeHg and PO, in
CS+BC may therefore indicate biological production (Table 0-2).

We performed factor analyses for CS and the treatments (Fig. 4-6) to evaluate associations
between the measured parameters and to identify hidden multivariate data structures. We
extracted two factors. These factors explained 71.77% of the total variance in CS (60.55%
Component No. 1 and 11.22% Component No. 2), 70.89% in CS+BC (57.67% Component
No. 1 and 13.22% Component No. 2), and 62.97% in CS+SBFL (39.66% Component No.
1 and 23.31% Component No. 2), respectively.
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Figure 4-6: Factor analysis of the contaminated soil (A), the contaminated soil + biochar (B), and
the contaminated soil + sugar beet factory lime (C). Kaiser-Meyer-Olkin (KMO) measures were
0.606 for CS, 0.689 for CS+BC, and 0.559 for CS+SBFL, respectively.
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Figure 4-6A demonstrates that Hg;, EtHg, DOC, and pH had high loadings on Component
No. 1 in CS, which indicates a similar behavior of these parameters. Iron, Mn, and Ey
showed an opposite behavior with high negative loadings on Component No. 1, which is in
good agreement with the correlation patterns and our argumentations above. Thus, Hg;,
EtHg, DOC, and pH decreased with rising Ey, while Fe and Mn increased. Chloride was
the only variable with a high loading on Component 2, while SO,* and particularly MeHg
loaded rather on Component 1 but were presumably best explained by other components.
In CS+BC Hg;, EtHg, and DOC behaved very similar and clustered along with SO.* (Fig.
4-6B). Iron and Mn grouped together, and their cluster differentiated from the first men-
tioned cluster, indicating dissimilar biogeochemical behavior. The Ey was relatively close
to Fe and Mn but loaded high on Component 2. Contrarily, MeHg had a high negative load
on Component 2, illustrating the opposite behavior to Ey. The pH and CI° were not
grouped with other parameters. In CS+SBFL Hg; and EtHg were clustered together sug-
gesting a comparable biogeochemical behavior in our experiment (Fig. 4-6C). Here, MeHg
was grouped with Hg; and EtHg. Iron and Mn clustered with Ey, while pH and DOC were
free-standing. Summarizing, the results of the factor analyses indicate similarities in the
biogeochemical behavior of Hg; and EtHg as well as Fe and Mn, regardless of whether CS
was amended or not. It seems that the BC amendment particularly influenced CI', SO,%,
pH, and MeHg, while there was little effect on other parameters when compared to CS.
The added SBFL had a more pronounced effect on the interrelationships of the parameters.
We used CDA to identify significant differences in the parameters among CS, CS+BC, and
CS+SBFL, and to determine those parameters with the highest discriminatory power. Fig-
ure 4-7 shows the results of the CDA, illustrating that there is a clear discrimination in the
biogeochemical behavior between CS and the treatments. Function 1 is able to explain
74.3% of the variability of the biogeochemical behavior between CS and the treatments;

Function 2 can explain 25.7% and both functions together 100.0%.
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Figure 4-7: The canonical discriminant analysis (CDA) illustrates the different biogeochemical
properties of the contaminated soil (CS), the contaminated soil + biochar (CS+BC), and the contam-
inated soil + sugar beet factory lime (CS+SBFL).

Function 1 discriminates CS and the treatments into two groups; CS and CS+BC on the
one hand and CS+SBFL on the other hand. Function 2 segregates CS and CS+BC in two
groups. The standardized canonical discriminant coefficient shows that the parameters
S04% and Hg, are most important for the discrimination of CS and the treatments based on
Function 1. Based on Function 2 EtHg, Hg;, and DOC are the most responsible parameters
for discrimination. The CDA results clearly corroborate the finding that both amendments
changed the biogeochemical pattern in the soil, with SBFL provoking a more distinct

change.

4.2.4 Impact of Ey/pH changes on the microbial community

In summary, 61 PLFAs were identified but we focused on fatty acids with carbon numbers
between Cy, and Cy as bacteria have been shown to have fatty acids mainly in this range
(White et al., 1996; Jiang et al., 2012) (Fig. 0-2, Appendix A). The results for the PLFAs
considered for the SRB were similar to the picture obtained for the range C;, and Cy (Figs.
4-8 and 0-2).
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Figure 4-8: SRB PLFA amounts as influenced by soil treatment and changing E4/pH. The PLFAs considered to identify the SRB genera Desulfobacter (red), Desul-
fovibrio (blue), and Desulfobulbus (green) are particularly 10Mel6:0, i1l7:1w7c, and 17:1w6 (part of the summed aggregate 17:1). Hatched columns indicate potentially
useful indicators. The amount of the PLFA 10Mel16:0 should be higher than that of 10Me18:0 to indicate the SRB genus Desulfobacter.
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The PLFA amounts at the time of the initial sampling were substantially lower than those
determined at low Ey and at higher Ey at the end of the experiment. In general, there was a
considerable increase in PLFA amount after flooding of the soils. It is well established that
rewetting of dried soils is usually followed by a “pulse” or "flush” of soil respiration and
that bacterial growth rates in rewetted soils exceed those in continually moist soils several
hours after rewetting and for a given period of time (Birch, 1958; Meisner et al., 2013; Sun
et al., 2015). Comparing CS and the treatments it was found that both amendments, BC
and SBFL, stimulated microbial growth as inferred from PLFA profiles, even though data
for CS at low Ey are missing. We may suggest that the general pattern in CS and the treat-
ments was similar with growing PLFA biomass after flooding of the soil and slightly de-
creasing abundances at high Ey at the end of the experiment. The influence of SBFL on
microbial growth was higher compared to BC.

In general, anaerobic respiration yields less energy for the microorganisms compared to
respiration of oxygen which may favor the increase of PLFA biomass at higher Ey
(Froelich et al., 1979; Jurtshuk Jr., 1996; Antler et al., 2013). The fact that we found high
PLFA abundance at low E4 may be explained by the wetting “pulse” which was probably
enhanced by our addition of straw and glucose as an additional carbon sources for soil mi-
croorganisms aiming to promote redox processes. The PLFA biomass at higher Ey at the
end of the experiment was surprisingly in the similar order of magnitude as at low Ey. We
expected a higher PLFA biomass here, however, the relatively lower PLFA biomass might
be attributed to a slow reaction of the microbial community on the changing Ey conditions.
A lag phase might have occurred in the course of the shifting microbial community struc-
ture from anaerobic to aerobic microorganisms (Maier, 2009; Rolfe et al., 2012).

The amounts of PLFAs considered for the SRB found within the initial samplings in CS
and the treatments were very similar (Fig. 4-8). Small amounts of the suggested Desul-
fobacter biomarker fatty acid 10Me16:0 were determined in CS while this PLFA was not
detected in the treatments. However, the use of the fatty acid 10Me16:0 as Desulfobacter
biomarker is disputed.

Parkes et al. (1993), who investigated changes in viable counts of SRB and PLFA induced
by different substrate additions, found that increases in SRB due to acetate addition deter-
mined by viable counts were reflected by a slight increase of the fatty acids 16:0 and
16:1o7. The genus Desulfobacter oxidizes acetate preferentially or even exclusively
(Boschker et al., 2001) but the biomarker PLFA for Desulfobacter-type SRB 10Mel6:0

was not stimulated in the study of Parkes et al. (1993). Similarly, results of other studies
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indicated that 10Me16:0 should be used with care as a specific biomarker for Desulfobac-
ter, as they suggest that substantial amounts of 10Me16:0 might rather be attributed to oth-
er bacteria such as Desulfobacterium autotrophicum (Vainshtein et al., 1992; Oude
Elferink et al., 1998; Boschker et al., 2001). Parkes et al. (1993) suggested that the increas-
es in 16:0 and 16:1w7 may have been due to Desulfobacter or some other acetate utilizing
SRB, as high concentrations of 16:1@7 were reported in Desulfobacter-like fat vibrio’ and
Desulfotomaculum acetoxidans before (Dowling et al., 1986).

The Desulfovibrio biomarker i17:1w7¢ was neither detected in CS nor in the treatments.
The fatty acid 17:106, which was considered as indicator for the genus Desulfobulbus,
could not be determined individually but as part of the summed aggregate 17:1. The varia-
tions of this PLFA between CS and the treatments at the initial sampling were rather small.
The amounts of 17:1 in CS+SBFL were slightly higher compared to CS and CS+BC.
Substantial increases of specific PLFAs were determined at low Ey when concentrations of
MeHg in the slurry were particularly high. Considerable increases of the PLFAs cy17:0,
115:0, al15:0, and 17:1 were found in both treatments. Additionally, fatty acid cy19:0
showed a clear increase in CS+SBFL. The biomarker PLFAs 10Me16:0 and i17:1m7c were
again neither found in CS+BC nor in CS+SBFL. However, even though the abundance of
17:1 was about 2.6 times higher in CS+SBFL MeHg concentrations were about 1.5 times
lower in CS+SBFL compared to CS+BC. This may be explained by possible differences in
17:1w6 ratios within the summed aggregate 17:1 in CS+BC and CS+SBFL but is most
likely a result of the combination of specific bacterial abundances with other biotic and
abiotic influencing factors that may alter formation, persistence, and degradation of MeHg
within the slurries. Another explanation for the higher MeHg concentrations in CS+BC
results from the findings of Parkes et al. (1993): We may suggest that the absence of the
fatty acid 10Me16:0 does not necessarily indicate the absence of the genus Desulfobacter
as the fatty acid 16:0 and the summed aggregate 16:1 (including 16:1®7) showed higher
abundances in CS+BC at low Ey compared to CS+SBFL, which may signify the presence
of the genus Desulfobacter and may therefore explain the higher concentrations of MeHg
in CS+BC (Figs. 0-2 and 4-3). However, Jiang et al. (2012) mentioned that contents of
16:0 and 16:1w7 are not expected to be higher than biomarker PLFAs when derived from
SRB. Further information on 16:0 and 16:1®7 is provided in the Appendix A.

The PLFA amounts detected at higher Ey in CS and the treatments at the end of the exper-
iment show the same trend already observed in the course of the initial and the sampling at
low Ey: PLFA abundances were lowest in CS and highest in CS+SBFL. The fatty acid
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10Mel16:0 was again missing in the treatments but was not found in CS as well. The
summed aggregate 17:1 showed a comparatively strong decrease due to the changing Ey
irrespective of treatment while other PLFA abundances remained fairly constant.

In summary, our PLFA results support the hypothesis that SRB might have been methyla-
tors of Hg in the course of our experiment. Specific biomarker PLFAs were rarely
(10Mel6:0), not (i17:1m7c), or only determined as part of a summed aggregate (17:1w®6).
Nevertheless, other PLFAs that may serve as indicators of the presence of SRB genera
such as cy17:0, i15:0, and al15:0 showed higher abundances at the time MeHg concentra-
tions were found to be highest. Moreover, our results support the hypothesis that the use of
10Me16:0 as specific biomarker for Desulfobacter is debatable. We may rather presume
that the presence of the genus Desulfobacter could have been indicated by the abundance
of the PLFAs 16:0 and 16:1w7 (part of the summed aggregate 16:1 in Fig. 0-2) as also
suggested by Parkes et al. (1993).

4.3 Conclusions

The mobilization of Hg;, MeHg, and EtHg was generally higher at low Ey and decreased
with increasing Ey irrespective of soil treatment. Co-dissolution of Hg and DOC upon
flooding may have contributed to this. Both amendments diminished the Hg; mobilization
from a contaminated floodplain soil even under dynamic redox conditions. However, the
added BC was principally efficient in curtailing Hg; release around Ey -125 mV, which
may limit its applicability to a small Ey range. Sugar beet factory lime was more efficient
in curtailing Hg; release, since less than half of Hg; was found in solution compared to CS.
It probably reduced Hg; mobilization by different binding sites; thereby the incorporation
of Hg into the crystal lattice might have occurred. The higher methylation efficiency in
CS+SBFL, indicated by the MeHg/Hg; rate, counterbalanced the benefit of lower Hg; re-
lease. No perceivable influence of BC and SBFL on MeHg and EtHg concentrations was
detected during our experiment.

The MeHg results may suggest that Hg methylation was the main process leading to sub-
stantial increases in MeHg concentrations at particular conditions rather than release from
the solid phase. Methylmercury concentrations in CS, CS+BC, and CS+SBFL peaked
within the range of SO, reduction at an Ey; between -204 and -90 mV. Therefore, SRB are
suggested to be responsible for a significant part of methylation in CS and the treatments.

The abundances of several PLFAs that may indicate the presence of SRB increased at low-
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er Ey supporting this hypothesis. The MeHg results for CS and CS+BC indicate that com-
paratively high MeHg concentrations may have formed and may have been depleted within
a short period of time following controlled Ey changes into and out of the range of SO~
reduction. This finding should be validated considering its implications for risk assess-
ments. In general, future research should deeper elucidate the role of SRB and their contri-
bution to Hg methylation. Within this context, the use of microbial molecular techniques
under dynamic redox conditions remains a challenge. Moreover, Hg contents and composi-
tion of the solid phase should be determined to identify geochemical changes. Also, the
impact of Ey retention times should be systematically studied to identify their influence on
biogeochemical processes. Furthermore, experiments with lower DOC concentrations
should be conducted. Finally, other types of low cost soil amendments should be tested for
their ability to immobilize Hg while simultaneously impeding the formation of MeHg or

EtHg under dynamic redox conditions in the laboratory and in the field.
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5. Mobilization of mercury species under dynamic redox condi-
tions in a contaminated Wupper floodplain soil as influenced by
two different types of biochar

5.1 Short introduction Chapter 5

Potential Hg binding sites of biochars include for example sulfhydryl and carboxyl groups.
Dependent on the temperature regime for biochar production the resultant biochars differ
in their chemical and physical properties. Chemical structures which potentially mediate
Hg binding to biochar can be altered in their abundance by the pyrolysis temperature re-
sulting in overall differing binding capacity for Hg between the biochar types. We used
BC200 and BC500, manufactured at 200 °C and 500 °C, respectively to investigate their
effects on Hg binding and how they differ in their efficiency to bind Hg. A number of pa-
rameters and chemical compounds which have an effect on or interfere with Hg immobili-
zation were quantified such as pH, Ey, and DOC as well as some anions and metals. Also,
speciation of Hg was studied in greater detail considering MeHg and EtHg in addition to
Hog: and linkages between shifts in Hg species and changes in soil microbial community
structure as determined by PLFA analysis were investigated. The theoretical and methodo-

logical background is summarized in the following Figure 5-1.

Contaminated soil Flooding: Redox .
experiment using Hg, Filtrate
Automated
Biogeochemical MeHg o
i url
Microcosms EtHg ry
Parameters potentially affecting
Hg release and nature
E,
1 Slurry
pH
: DOC
SUVA,,
S0, Filtrate
Cr
Fe
Mn
four replicates PLFA Solid material

Figure 5-1: Graphical sketch illustrating the experimental design of the microcosm experiment to
study the effects of different biochars on Hg mobility and Hg species formation considering the
influence and interdependency of several parameters which potentially affect Hg mobility.
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5.2 Results and Discussion

5.2.1 Soil E4and pH

The observed Ey values (En all) in the slurries of CS and the biochar treatments
(CS+BC200 and CS+BC500) fell within the range of highly reduced and moderately re-
duced conditions (Table 0-3, Appendix B, Fig. 5-2).

The pH (pH all) values in the slurries varied between very strongly acidic to neutral (CS
and CS+BC500) and slightly alkaline (CS+BC200) (Table 0-3). The pH in the slurry of CS
and the biochar treatments showed an opposite behavior to Ey (Fig. 5-2). Therefore, the
correlation between soil Ey and pH was negative for the overall trends (r = -0.68; p < 0.01;
n=11,856in CS; r=-0.72; p < 0.01; n = 11,910 in CS+BC200; and r =-0.79; p < 0.01; n
= 11,353 in CS+BC500; data not shown) as well as for the data collected when the micro-
cosms (MCs) were sampled (r =-0.70; p <0.00001; n =36 in CS, r=-0.77; p < 0.00001; n
=36 in CS+BC200, and r =-0.85; p < 0.00001; n = 36 in CS+BC500).

The inverse relationship of pH and Ey was expected, presumably due to the consumption
of protons required for the reduction of NOs, Mn**, Fe**, and SO,* (Yu et al., 2007;
Reddy and DelLaune, 2008). The results indicate that the application of both BC200 and
BC500 to CS exerted no significant influence on the pH in soil slurry, with only a slightly
lower pH found in CS+BC500 (Table 0-3).
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Figure 5-2: Development of redox potential Ey (solid line), pH (dashed line), and sampling points
(circles) in soil slurry (data every 10 min, averages were reported for an underlying dataset (n =
11,915) of four replicate samples) in the microcosms of untreated contaminated soil (CS), CS treated
with biochar pyrolyzed at 200 °C (CS+BC200), and CS treated with biochar pyrolyzed at 500 °C
(Cs+BC500).
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5.2.2 Impact of Ex/pH changes on mobilization of Hg,, MeHg, and
EtHg in CS, CS+BC200, and CS+BC500

The mobilization of Hg; in CS was particularly high under low redox conditions (Fig. 5-3).
Hence, the highest concentrations of dissolved Hg; were determined for the first two sam-
plings at E4 -92 mV (29 ug/l) and -110 mV (28 pg/l).
The high mean concentration found for the second sampling at Ey -110 mV was signifi-
cantly affected by one of the four CS MCs in which the Hg; concentration increased up to
52 ug/l. The average 6 hour Ey value for this MC was slightly lower (4-5 mV) compared
to the other MCs in which Hg; declined even though Ey values were lower than during the
first sampling. Here, the pH may have had an effect: The pH value of the MC (6.9) was
higher than in the other MCs (6.5; 6.3; 6.3). Mercuric mercury (Hg(ll)) shows a different
behavior than most other divalent metals as its extent of adsorption is greatest in acidic
media (Barrow and Cox, 1992; Yin et al., 1996; Sarkar et al., 1999; Pelcova et al., 2010).
The close link between Hg; dissolution and pH in CS is supported by a significant positive
correlation (Table 0-4, Appendix B).
However, it is unlikely that the pH was the main influencing factor. Xu et al. (2014) ob-
served enhanced Hg desorption at pH 5 and 11 but generally found that pH adjustment was
insufficient for Hg removal since no more than 0.3% of soil Hg; was mobilized at these pH
values in their soil washing experiments. In our study, the relationship between Hg; and Ey
in CS was also strong. We found an inverse relationship with decreasing Hg: concentra-
tions when Ey increased. Correspondingly, Hg; concentrations were found to be higher at
the last two samplings when Ey had been lowered again (Fig. 5-3, Table 0-4). Moreover,
the lowest mean Hg; concentration (3 pg/l) was determined for the highest mean Ey (282
mV).
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Figure 5-3: Impact of pre-defined Ey-conditions on release dynamics of dissolved total Hg (Hg.), methylmercury (MeHg), ethylmercury (EtHg), dissolved organic car-
bon (DOC), specific UV absorbance at 254 nm (SUVA,s,), chloride (CI°), sulfate (SO,>7), iron (Fe), manganese (Mn), and pH in a contaminated soil (CS) compared
with a contaminated soil treated with biochar pyrolyzed at 200 °C (CS+BC200) and a contaminated soil treated with biochar pyrolyzed at 500 °C (CS+BC500). Col-
umns represent mean and whiskers represent standard deviation of four replicates using biogeochemical microcosm systems.
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In general, the pattern of Hg; concentrations found in CS+BC200 and CS+BC500 was sim-
ilar to the one observed in CS. However, under highly reduced conditions, at the second
sampling, Hg; concentrations were considerably lower in both biochar treatments (Fig. 5-
3): The mean Hg; concentration in CS was as high as 28 pg/l while those calculated for
CS+BC200 (16 pg/l) and CS+BC500 (14 pg/l) constituted about half of the CS value.
Even when excluding the MC with the highest Hg; concentrations in CS the difference
would be at least 4.7 pg/l. This is noteworthy since the pattern of Hg; concentrations in CS
and the biochar treatments differed by no more than 2.3 pg/l from Ey window 0 mV on.
Moreover, the mean Hg; concentration for all measurements in CS was 13 pg/l and there-
fore only slightly higher than those in CS+BC200 (12 pg/l) and CS+BC500 (10 pg/l) (Ta-
ble 0-3). We may conclude that these small deviations were most likely caused by the vari-
ations detected under highly reduced conditions. Both biochar amendments seem to have
curtailed the dissolution of Hg; under these conditions. Similar results were found at a Ey
of -122 mV when biochar based material was used to immobilize Hg (Chapter 4). To our
knowledge there is no information available on changing abilities of biochars to sorb inor-
ganic Hg at varying redox conditions. However, Xu et al. (2016) revealed that different
biochars may sorb Hg via different complexation mechanisms. They found that Hg sorp-
tion by bagasse (crushed sugarcane stalks) biochar produced at 450 °C was primarily at-
tributed to the formation of (-COO),Hg and (-O),Hg while hickory chip biochar produced
at the same temperature sorbed Hg by the = electrons of C=C and C=0 induced Hg-x
binding. Liu et al. (2016) noted that Hg removal mechanisms by carbonaceous sorbents
include coordination between Hg and functional groups on/within sorbents, reduction of
Hg(Il) to Hg(l) and precipitation, and co-precipitation with anions. However, they con-
cluded that the chemical binding of Hg to functional groups such as thiol, hydroxyl, and
carboxyl as well as to chloride on the surface of and within biochars appears to be the pre-
dominant removal mechanism. Furthermore, it was found that Hg was bound to S in bio-
chars with high S content and to O and Cl in biochars with low S content (Liu et al., 2016).
Dong et al. (2013) found that 23 to 31% of Hg sorbed by pepper biochars pyrolyzed at 300
°C and 450 °C was associated with carboxylic and 77 to 69% with phenolic hydroxyl
groups. Contrarily, 91% of the Hg sorbed by pepper biochar pyrolyzed at 600 °C was asso-
ciated with a graphite-like domain on an aromatic structure, with the rest being associated
with phenolic hydroxyl groups. The loss of functional groups with increasing temperature
due to decreasing H and O resulted in a lower Hg sorption capacity, indicating that low

pyrolysis temperature was beneficial to produce biochars with higher Hg sorption potential
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(Dong et al., 2013). These results are in agreement with Klupfel et al. (2014) who pro-
duced 19 biochars from different feedstock over a range of pyrolysis temperatures and
found that the pool of redox-active moieties was dominated by electron-donating, phenolic
moieties at the pyrolysis temperatures 200 and 300 °C, by newly formed electron accepting
quinone moieties at the pyrolysis temperatures 400 and 500 °C, and by electron accepting
quinones and probably condensed aromatics at the pyrolysis temperatures 600 and 700 °C.
Thus, we suggest that BC200 and BC500 had different moieties due to their distinct pyrol-
ysis temperatures. However, the Hg; immobilization potentials of BC200 and BC500 were
marginal. Compared to CS mean Hg; concentrations BC200 and BC500 reduced Hg; re-
lease by 8% and 23%, respectively. The biochars primarily reduced Hg; mobilization under
highly reduced conditions around Ey -110 mV, at one specific sampling. Based on the
chemistry of Hg interactions with DOC and other organic and inorganic soil components
as well as on published results concerning Hg removal from aqueous solutions by means of
biochar (Liu et al., 2018b) we originally hypothesized that Hg would be immobilized more
efficiently by BC200 and BC500. There are several possibilities why the addition of
BC200 and BC500 was not that effective in our experiment:

Typically, reduced sulfur groups are in great excess to Hg; content in soils (Skyllberg,
2012). Thus, the majority of Hg will bind to organic matter (OM) and metal sulfides while
oxygen functional groups at Fe and Al oxyhydroxides as well as the edges of phyllosili-
cates are indirect adsorbents (Xia et al., 1999; Skyllberg, 2012). Mercury in soil solution
may be in the form of Hg®*, HgCl*, HgCL’, HgCls, HgCls®, HgCIOH, Hg(OH)",
Hg(OH),%, and Hg-DOC (Han, 2007). However, due to its affinity for reduced sulfur
groups, complexes with thiols from DOC will dominate the speciation of Hg in soil solu-
tion (Skyllberg, 2012). Dissolved Hg concentrations measured in the course of our experi-
ment exceeded those typically reported for natural ecosystems (Leopold et al., 2010).
Therefore, it seems likely that Hg was not solely bound to the small fraction of DOC reac-
tive thiol functional groups but also to carboxylic functional groups. Findings of Haitzer et
al. (2002) indicated that the binding of Hg to DOM under natural conditions (very low
Hg/DOM ratios) is controlled by a small fraction of DOM containing a reactive thiol func-
tional group providing strong binding sites for Hg while carboxyl groups came into play at
higher Hg to DOM ratios. It is noted that pH may influence the dissociation rate of carbox-
ylic acids and thereby the number of potential binding sites.

Due to the strong binding between Hg and the reduced sulfur groups, the mobilization of
Hg is rather influenced by DOC than by pH (Wallschlager et al., 1996; Xu et al., 2014).
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Besides protons, other cations such as AI** may occupy biochar binding sites. Another
hypothesis why biochar showed little effect on Hg sorption is the presence of dissolved
complexes binding Hg and hampering the sorption to biochar. Another factor which may
affect Hg adsorption in the soil environment is the formation of biofilms. They may have
formed in the course of the experiment as in nature cells grow predominantly in such ag-
gregation of soil microorganisms, especially in heavily polluted sites (Gross et al., 2007).
Thus, the alteration of the biochar surface and its chemical and physical properties by the
formation of biofilms on the biochar particles needs to be considered. Possibly, biofilms
may reduce the interaction of Hg with the biochar surface and thereby disturb its effects on
Hg immobilization. Otherwise, biofilms themselves accumulate inorganic and methylated
Hg compounds (Hintelmann et al., 1993; Dranguet et al., 2017; Dranguet et al., 2018) and
may also lead to a higher rate of Hg methylation compared to planktonic bacteria (Lin et
al., 2013). Different mechanisms play a role in Hg uptake by biofilms, e.g. steric hindrance
and electrostatic interactions, binding functional groups of the extracellular polymeric sub-
stance matrix, and adsorption by mineral fractions present in biofilms (Dranguet et al.,
2017). Leclerc et al. (2015) hypothesized that Hg-thiol complexation in the extracellular
fractions of biofilms can occur which may potentially affect the bioavailability of Hg and
increase its methylation.

The sorption of Hg-DOC complexes at the biochars was potentially of importance as we
found strong positive relations between Hg; and DOC (Table 0-4). Considering possible
interactions between Hg-DOC complexes and BC200 as well as BC500 it has to be noted
that Hg; and DOC concentrations were only slightly lower in CS+BC500 (Table 0-3). Alt-
hough often used for remediation purposes biochar amendments have been shown to have
the potential to increase DOC concentrations, which may be linked to enhanced mobiliza-
tion of soil contaminants (Beesley et al., 2010; Qi et al., 2017; Chen et al., 2018). In con-
trast, it has also been reported that DOC may readily sorb to biochar (Kammann et al.,
2015). However, biochar mediated changes in DOC concentration may not always be de-
tected (Jones et al., 2012). In general, the feedstock material and pyrolysis temperature
influence properties of biochars, including their potential to release DOC (Liu et al., 2015).
Here, minor effects of biochar amendment on DOC concentrations were observed.

The Hg sorption capacity of both biochars increased significantly under highly reduced
conditions.

One possible reason might be the cleavage of existing disulfide bonds of redox-active di-

sulfides when they are reduced and the concomitant formation of vicinal thiol pairs which
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may bind Hg (Wouters et al., 2010; Poole, 2015; Rubino, 2015). It is known that both
Hg(ll) and MeHg have a high affinity for reduced sulfur groups such as thiols (R-SH),
monosulfides (R-S-R), and disulfides (R-SS-R) (Taube et al., 2008; Skyllberg, 2010;
Skyllberg, 2012; Song et al., 2018). Moreover, both Hg species have a higher affinity for
thiols than for disulfides (Yoon et al., 2005; Liem-Nguyen, 2016). We suggest that higher
amounts of disulfides were present in the MCs amended with BC200 and BC500 whose
disulfide bonds were reduced to the corresponding thiols leading to higher Hg; sorption
compared to CS. Following this assertion, Hg formed strong dissolved complexes with
organic and inorganic ligands upon flooding while Hg was less attracted by potential bind-
ing sites of the biochars and the soil. Due to the strong attraction of the vicinal thiol pairs
Hg could be removed from slurry when Ey changes induced the cleavage of existing disul-
fide bonds located on the surface of the biochars. This assertion is in good agreement with
He et al. (2012) who indicated that a competitive complexation of Hg with DOC may limit
the interactions of Hg with sorbents and who attributed rapid adsorption of Hg to the bind-
ing of one Hg to two thiols. Moreover, while carboxyl (R-COOH) and hydroxyl groups (R-
OH) are generally accepted as predominant biochar binding sites for heavy metals it has
been shown that thiol-functionalized sorbents, including biochars, have a higher adsorption
capacity and stronger selectivity for Hg (Niu et al., 2014; Xu et al., 2016; Huang et al.,
2019). Adsorption kinetics and isotherms of such studies frequently suggest that thiol-
functionalization improves the Hg species removal efficiency from aqueous solution con-
siderably (e.g. Xia et al., 2019).

The observed concentrations of Hg; released in CS (1.8-52 pg/l) greatly exceed levels re-
ported for natural uncontaminated fresh water systems, and are comparable to higher con-
centrations reported in Hg mine drainage (Rytuba, 2000; Leopold et al., 2010). Thus,
flooding and the alteration of Ey resulted in a substantial Hg; release from CS which ex-
ceeds the U.S. Environmental Protection Agency’s Maximum Contaminant Level for Hg
in drinking water (2 pg/l) and the trigger value for the assessment of the soil — groundwater
pathway (1 ug/l) of the German BBodSchV (1999). In CS+BC200 and CS+BC500 Hg;

concentrations fell below 1 pg/l for a single measurement each (Table 0-3).
The pattern of MeHg concentrations was similar in CS and the biochar treatments (Fig. 5-

3). In contrast to Hg; no impact of biochar amendments was found under highly reduced
conditions. This does not necessarily contradict the suggested cleavage of disulfide bonds
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as Skyllberg (2012) noted that there are indications that Hg and MeHg may bind to differ-
ent types of thiol groups.

We did not find a correlation between MeHg and Ey in CS, CS+BC200, or CS+BC500.
Even though the methylation of Hg occurs primarily under anaerobic conditions, signifi-
cant correlations between MeHg and Ey are not always observed (Roulet et al., 2001;
DelLaune et al., 2004; Sunderland et al., 2006; Frohne et al., 2012).

A positive correlation was detected between MeHg and pH in CS+BC500 (Table 0-4). An
inverse relationship between these parameters is often reported (Ullrich et al., 2001).
Golding et al. (2008) indicated that increased concentrations of Hg(ll) within methylating
bacteria due to declining pH values would probably be reflected in enhanced methylation
activity. It is generally accepted that Hg methylation is primarily driven by microbial activ-
ity. Sulfate-reducing bacteria (SRB) were identified as the principal methylators of Hg in
sediments of various ecosystems and currently it is accepted that Hg methylation occurs
primarily under anaerobic conditions (Moreau et al., 2015; Beckers and Rinklebe, 2017,
Boyd et al., 2017). However, not all bacteria of the SRB phylogenetic tree methylate Hg
(Barkay and Wagner-Dobler, 2005; Parks et al., 2013). It is suggested that SRB perform
S04 reduction principally under highly reducing conditions at Exs between -100 and -
1000 mV (Dominique et al., 2007; Fritsche et al., 2014). Still, MeHg concentrations de-
termined in the course of the first three samplings under low Ey seem to be the result of
soil-bound MeHg release rather than bacterial MeHg formation. Following the first sam-
pling MeHg concentrations decreased in CS and the biochar treatments despite the lower
Ey at the following sampling. Thus, MeHg that was bound to fine organic material may
have initially entered the aqueous phase upon flooding, and was demethylated or sorbed
over the course of the next two to three samplings. The release of sorbed MeHg when dry
soils or sediments are flooded has been reported in previous studies (Bachand et al., 2014;
Marvin-DiPasquale et al., 2014; Cesario et al., 2017). We found that net methylation start-
ed between the Ey windows of -50 mV and 0 mV and was highest between the E4 win-
dows of 0 mV and 100 mV in CS and the biochar treatments (Fig. 5-3). This falls into the
range of -100 to 100 mV identified by Windham-Myers et al. (2009) for high MeHg pro-
duction potential rates in the San Francisco Bay-Delta.

A decreasing ratio of SO,% to CI" can be used as an indicator of SO,> reduction (Alpers et
al., 2014). Clear declines in this ratio were observed between the Ey windows -50 mV and
0 mV for CS and the biochar treatments, which corresponds well with the increase of

MeHg concentrations. Furthermore, the ratio of MeHg to Hg; increased 4.0 to 7.8 fold be-
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tween the Ey windows 0 mV and 100 mV in CS and the biochar treatments, which repre-
sented the highest increase. This ratio is a frequently used indicator of methylation effi-
ciency (Frohne et al., 2012; Alpers et al., 2014). High MeHg/Hg; rates indicate that availa-
ble Hg is efficiently methylated while low MeHg/Hg; rates indicate either low Hg methyla-
tion or high demethylation rates (Remy et al., 2006). Thus, the increase in MeHg within
CS and the biochar treatments fell within the range of Fe(IIl) reduction while the SO,*/CI
ratio indicated that SO,* reduction might have occurred (DeLaune and Reddy, 2005). It is
well established that certain strains of iron-reducing bacteria (FeRB), such as Geobacter
sp. strain CLFeRB, are also capable of methylating Hg, while methanogens that are known
to demethylate MeHg may turn into the primary methylators under specific environmental
conditions (Fleming et al., 2006; Hamelin et al., 2011; Christensen et al., 2018). Concen-
trations of dissolved Fe increased in the range of Fe(lll) reduction around 0 mV (see Ap-
pendix B) which may occur from microbial and chemical reduction of Fe(lll) bearing min-
erals, such as Fe-oxides (Praharaj and Fortin, 2008). The microbial reduction of Fe(lll)
bearing minerals is related to the activity of FeRB, which relies on the availability of labile
organic C substrates and the abundance and crystallinity of Fe(lll) bearing minerals
(Roden, 2003; Praharaj and Fortin, 2008). Abiotic Fe(lll) reduction is indirectly controlled
by the microbial SO, reduction, which is accompanied by the formation of sulfide species
such as hydrogen sulfide that can act as significant reductants of Fe oxides (Li et al., 2006;
Lohmayer et al., 2014; Lindsay et al., 2015). In fact, it has been frequently found that
Fe(Il) production was rather driven by biogenic sulfide Fe(lll) reduction than by the activi-
ty of FeRB (Praharaj and Fortin, 2008; Kwon et al., 2014; Hansel et al., 2015). Moreover,
even though SRB are generally described as anoxic and neutrophilic bacteria they are pre-
sent (but probably not metabolically active) under aerobic conditions and can tolerate low
pH (Koschorreck, 2008; Miao et al., 2012; Giloteaux et al., 2013). Praharaj and Fortin
(2008) determined low SO,* reduction rates at Ey values between 300 and 450 mV, indi-
cating that SRB activity is not restricted to highly reduced environments. Thus, even
though the increase in dissolved MeHg concentrations in our experiment did not fall into
the Ey range usually considered for Hg methylation by SRB, we may conclude that the
methylation of Hg in CS and the biochar treatments between -50 and 100 mV was most
probably mediated by SRB. Furthermore, the increases in soluble Fe at E4 0 mV may be
attributed to abiotic Fe(Ill) reduction linked to SO,* reduction. Measured MeHg concen-
trations are the result of ongoing methylation and demethylation processes (Lambertsson

and Nilsson, 2006; Lazaro et al., 2016) and therefore MeHg concentrations determined for
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the samplings following Ey window 100 mV at higher Ey in our experiment (Fig. 5-3) may
in part be explained by the persistence of MeHg after major net methylation of Hg had
been taken place earlier. In fact, MeHg concentrations in CS and the biochar treatments
declined to approximately half between first 100 mV and first 200 mV Ey window. Most
MeHg in many aquatic environments is generated in the sediments since MeHg production
is basically the product of microbial activity and Hg(ll) bioavailability (Hintelmann, 2010).
On the other hand, demethylation rates within sediments are high as well, which leads to a
standing MeHg pool that constitutes no more than 1% of the Hg; (Hintelmann, 2010;
Randall et al., 2013). However, the MeHg which is transferred from sediments into the
overlying water column is very persistent, as demethylation activity is virtually absent in
water (Hintelmann, 2010). Here, comparatively high MeHg concentrations were depleted
within two days in the course of controlled Ey changes.

A correlation between MeHg and Hg; was missing in CS and the biochar treatments. This
might be because the amount of bioavailable Hg in Hg; may vary and since it is suggested
that the production of MeHg is limited by microbial methylation potential rather than by
Hg bioavailability (Frohne et al., 2012; Feng et al., 2014; Bowman et al., 2015).

The pattern of EtHg in CS and the biochar treatments was very similar. The highest mean
concentrations were determined for Ey window 0 mV (Fig. 5-3). Thereafter, there was a
decline in EtHg with increasing Ey values and a slight increase when Ey was lowered
again at the end of the experiment. Corresponding to this pattern, negative correlations
between EtHg and Ey were determined for CS and CS+BC500 (Table 0-4). The concentra-
tions of dissolved EtHg in the treatments amended with BC200 or BC500 were not signifi-
cantly lower than those found in CS which indicates the moderate influence of the biochars
on EtHg dissolution/formation (Table 0-3). Thus, the potential of BC200 and BC500 as
immobilization agents for Hg;, MeHg, and EtHg in our experiment was very limited. Con-
sidering our limited understanding of EtHg dissolution/formation, sufficient EtHg binding
sites may be present in CS that would lessen the impact of the introduced biochar binding
sites.

A positive correlation between EtHg and pH was only found in CS. This correlation is
consistent with Pelcova et al. (2010) who observed maximum EtHg adsorption to river
sediments at pH 3-4. However, calculated relations between EtHg and other parameters
seemed to be influenced by the strong positive correlations found between EtHg and Hg; in

CS and the biochar treatments (Table 0-4). It appears that EtHg was either released by the
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same processes as Hg; or that a certain ratio of Hg; was converted to EtHg. Such a correla-
tion between dissolved Hg; and EtHg concentrations has been observed before (Chapter 4).
However, the inverse relation of these two parameters at Ey window 0 mV indicates that
the conditions between the Ey windows of -50 mV and 0 mV may have favored the for-
mation of EtHg. Following Ey window 0 mV EtHg concentrations were considerably low-
er again in CS and the biochar treatments. Hintelmann (2010) noted that EtHg is not very
persistent and readily decomposes in the environment, which would indicate that the EtHg
determined in the course of our experiment would be rather a product of EtHg formation
than of the release of legacy EtHg. The process of EtHg formation and its behavior in the
natural environment is not well understood; for example, data on a microbial formation of
EtHg are lacking (Hintelmann, 2010; Beckers and Rinklebe, 2017). Nevertheless, Cai et al.
(1997) and Mao et al. (2010) suggested that EtHg may occur widely in the environment
based on detected EtHg in soil samples. Ethylmercury has been detected in soils and sedi-
ments while its concentrations in other environmental samples such as atmospheric par-
ticulates, water, plant, and fish are frequently below the detection limit (e.g. Song et al.,
2013; Chen et al., 2015). Fortmann et al. (1978) showed that EtHg can form in tissues of
common dwarf garden pea (Pisum sativum) after exposure to elemental Hg vapor and sug-
gested that MeHg and EtHg might both be metabolites of a single Hg pathway in the peas.
In fact, we found high EtHg concentrations at 0 mV preceding high MeHg concentrations
at 100 mV.

5.2.3 Impact of DOC, CI', SO,*, Fe, and Mn changes on mobilization
of Hg,, MeHg, and EtHg in CS, CS+BC200, and CS+BC500
Similar to Hg; the highest DOC concentrations were determined for those Ey windows
sampled at the beginning of the experiment under low Ey conditions (Fig. 5-3). Therefore,
we found positive correlations between Hg; and DOC for CS and the biochar treatments
(Table 0-4). Such correlations are frequently reported in literature (Dittman et al., 2010;
Burns et al., 2013; Bravo et al., 2018) and DOC is generally regarded as the predominant
ligand for both Hg; and MeHg in oxic (sulfide-free) waters (Ravichandran, 2004; Gorski et
al., 2008; Chadwick et al., 2013). However, positive relationships between Hg; and DOC
have been observed in numerous aquatic ecosystems and this link has been principally at-
tributed to the strong affinity of Hg; for reactive (reduced) thiol functional groups within
DOC (Ravichandran, 2004; Tsui and Finlay, 2011; Frohne et al., 2012). Such a positive
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correlation may not always be detected, since the binding is controlled by a small fraction
of dissolved organic matter possessing these thiol groups (Ravichandran, 2004). The latter
author commented that a positive correlation between Hg; and DOC is most likely to be
found when Hg; is mainly derived from wetlands and soils, where Hg; is discharged and
co-transported bound to the organic carbon, as has been reported by Wallschlager et al.
(1996). This pattern is in good agreement with our results regarding Hg; and DOC concen-
trations in CS, CS+BC200, and CS+BC500. Correlations in CS and the biochar treatments
between either Hg; or DOC with Fe or Mn were either missing or negative indicating that
the release of Hg; or DOC at low Ey was not governed by the reductive dissolution of par-
ticulate Fe and Mn oxyhydroxides and the release of associated Hg or DOC (Table 0-4).
Instead, the results suggest that fine biologically decomposed organic material with associ-
ated Hg entered the aqueous phase upon flooding of the soil. Figure 5-4 indicates a strong
dependence of dissolved Hg; on DOC and Ey with higher DOC concentrations and lower
En values favoring Hg mobilization in CS, CS+BC200, and CS+BC500.

Total Hg concentrations in CS and the biochar treatments were also negatively correlated
with CI" (Table 0-4). This relationship has been reported before (Hall et al., 2008).

Figure 5-5 shows that lower CI" concentrations may have promoted the mobilization of Hg
in CS, CS+BC200, and CS+BC500. Higher CI" concentrations may provoke the formation
and precipitation of Hg,Cl, thereby removing dissolved Hg (Kim et al., 2004; Chen et al.,
2017).
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Figure 5-4: Dependency of Hg, concentrations in soil solution from redox potential (E4) and DOC
displayed in a three-dimensional coordinate system. Bars show means of data obtained for CS,

CS+BC200, and CS+BC500. Bar colors correspond to the concentrations indicated by the color
scale.

72



351 | CS ‘ - 34.00

30 3000
26.00
257 2200
18.00
14,00
10.00
6.000
2,000

WHMABH

30

2 B

BN O
)

10

Figure 5-5: Dependency of Hg, concentrations in soil solution from chloride concentrations (CI") and
DOC displayed in a three-dimensional coordinate system. Bars show means of data obtained for CS,

CS+BC200, and CS+BC500. Bar colors correspond to the concentrations indicated by the color
scale.
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Methylmercury was positively correlated with DOC in CS and in CS+BC500 (Table 0-4).
As in the case with Hg; it has been suggested that the aromaticity of DOC, calculated as
SUV A5, values, may influence this relationship as higher aromaticity seems to enhance
the Hg binding affinity or the number of strong binding sites (Tsui and Finlay, 2011). It
has been hypothesized that SUV A2, may be a suitable predictor of dissolved Hg; concen-
trations in certain streams (Burns et al., 2013). SUV A4 has been found to be a useful in-
dicator to assess the dissolved aromatic carbon content (Ravichandran et al., 1998;
Weishaar et al., 2003). Some sources of interferences in absorbance spectroscopy have to
be considered (Li and Hur, 2017). Nitrate and particularly ferric iron (Fe(lIl)) can exert a
strong influence (Weishaar et al., 2003; Poulin et al., 2014). Under our experimental Ep-
pH-conditions Fe should have been present as ferrous iron (Fe(ll)) predominantly (Table
0-4) (Takeno, 2005) while nitrate concentrations were frequently below the detection limit.
Positive correlations between both Hg; and MeHg with SUVA;s4 have been reported for
some aquatic ecosystems and biota (Hall et al., 2008; Chasar et al., 2009), but this strong
relationship is not universal (Jiang et al., 2017b; Burns and Riva-Murray, 2018). The pat-
tern of SUV A5, values was similar between CS and the biochar treatments (Fig. 5-3). Cor-
respondingly, strong correlations between SUVA;s4 and Hg:, MeHg, or EtHg were neither
found in CS nor in the biochar treatments (Table 0-4). In CS+BC500 SUV A5, values in-
creased stronger the course of the last two samplings, probably due to lower pH values as
indicated by a significant negative correlation (data not shown). Such an inverse relation-
ship has been found before (Tjerngren et al., 2012b) although the influence of pH on SU-
VA5, values seems to be of minor significance (Weishaar et al., 2003). In general, SU-
VA5, values were low compared to values reported for wetlands, rice fields, and lakes
(Fleck et al., 2014; Poulin et al., 2014), water soluble OM (Jiang et al., 2017a), or porewa-
ter (Strickman and Mitchell, 2018).

Surprisingly, we found a positive correlation between MeHg and SO,* in CS+BC500. In-
creasing concentrations of MeHg are often concomitant with decreasing SO4> concentra-
tions (Galloway and Branfireun, 2004; Selvendiran et al., 2008; Hellal et al., 2015). Sul-
fate-reducing bacteria use SO4> as a terminal electron acceptor for the degradation of or-
ganic compounds which leads to the depletion of SO,* as well as the production and re-
lease of sulfide and may result in the formation of MeHg provided that these SRB species
are capable of Hg methylation (Muyzer and Stams, 2008; Hellal et al., 2015; Lindsay et al.,
2015). However, Liu et al. (2016) found that biochars may release SO,* to solutions, with

wood-based biochars releasing lower concentrations. As such, this may explain the slightly
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higher SO4* concentrations in CS+BC200 and CS+BC500 compared to CS and the corre-
lation found between MeHg and SO,* in CS+BC500 (Fig. 5-3, Tables 0-3 and 0-4). The
additional supply of SO4* and labile organic carbon due to the amendment with biochar is
considered to promote the growth of SRBs and may thus enhance Hg methylation (Liu et
al., 2016). On the other hand, higher concentrations of SO,* may inhibit MeHg production
due to the formation of H,S (Shao et al., 2012). Microbial SO,* reduction can be inhibited
by H,S and organic acids which can be toxic for the SRB even though H,S is produced by
the SRB in the course of their energy metabolism (Hao et al., 1996; Koschorreck, 2008). In
addition, methylation rates were found to be lower under high sulfide concentrations and
the presence of FeS due to a shift from neutral Hg(lIl)-sulfide complexes, which are easily
taken up by bacteria, to charged Hg(ll)-polysulfide (Liu et al., 2008; Hellal et al., 2015).
We may therefore conclude that the little additional SO,* that was likely released due to
the biochar amendments had no relevant effect on MeHg production.

Factor analyses were performed for CS and the biochar treatments (Fig. 5-4) to evaluate
associations between the measured parameters and to identify hidden multivariate data
structures. We extracted two factors. These factors explained 65.45% of the total variance
in CS (48.86% Component No. 1 and 16.59% Component No. 2), 61.33% in CS+BC200
(46.49% Component No. 1 and 14.84% Component No. 2), and 64.32% in CS+BC500
(48.50% Component No. 1 and 15.82% Component No. 2), respectively.

Figure 5-6A shows that Hg;, EtHg, DOC, and pH had high loadings on Component No. 1
in CS which indicates a similar biogeochemical behavior of these parameters. Manganese
and Ey, in contrast, had high negative loadings on Component No. 1 which demonstrates
their opposing behavior. Sulfate and SUVA;s,4 clustered together and had high loadings on
Component No. 2. Chloride, MeHg, and Fe showed less intense loading on the two com-
ponents, suggesting that they were presumably best explained by other components. In
CS+BC200 (Fig. 5-6B) and CS+BC500 (Fig. 5-6C) Hg;, DOC, and pH were again clus-
tered together. Furthermore, Mn and Ey, which clustered with CI', indicated again dissimi-
lar biogeochemical behavior. Other parameters such as EtHg, Fe, and SUV A5, were un-
grouped. Summarizing, the results of the factor analyses indicate similarities in the biogeo-
chemical behavior of Hg; and DOC, while Mn was linked to Ey regardless of whether CS
was amended or not. Neither amendment, BC200 or BC500, resulted in pronounced effects

on the interrelationships of the parameters.
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Figure 5-6: Factor analysis of the contaminated soil (CS) (A), the contaminated soil + biochar pyro-
lyzed at 200 °C (CS+BC200) (B), and the contaminated soil + biochar pyrolyzed at 500 °C
(CS+BC500) (C). Kaiser-Meyer-Olkin (KMOQO) measures were 0.630 for CS, 0.599 for CS+BC200,
and 0.695 for CS+BC500, respectively.
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5.2.4 Impact of Ey/pH changes on the microbial community

Fifty-five PLFAs were detected. Forty-five of them had carbon numbers between C;, and
Coo. Bacteria contain fatty acids mainly in this chain length range (Frostegard and Baath,
1996; White et al., 1996; Jiang et al., 2012) (Fig. 0-4, Appendix B). In general, changes in
abundances of PLFAs considered for the SRB and those with carbon numbers between Cj,
and Cy were similar (Figs. 0-3 and 0-4, Appendix B).

Phospholipid fatty acid abundances in the initial samples taken subsequent to the flooding
of the soils when Ey was around 210 mV were slightly higher in CS compared to
CS+BC200, while the amount of PLFAs detected in CS+BC500 was considerably lower
(Fig. 0-3). This may, in part, be attributed to the fact that the MCs filled with CS+BC500
were sampled first and those filled with CS last. In general, rewetting of dried soils is fol-
lowed by a “pulse” of soil respiration and bacterial growth rates exceed those in constantly
moist soils several hours after rewetting and for a given period of time (Birch, 1958;
Meisner et al., 2013; Sun et al., 2015). Strong increases in microbial CO, production have
been found approximately one hour after rewetting and were attributed to the ability of
microbes to utilize carbon substrates instantly as environmental conditions become favora-
ble (Xu et al., 2004). However, the added BC500 seems to have had an important impact
on the soil microbial community at this stage of the experiment, presumably due to its
smooth surface and the shortage of nutrients which may have impeded its microbial colo-
nization. The Desulfobacter biomarker fatty acid 10Me16:0 was absent in CS and the bio-
char treated soils over the course of the experiment (Fig. 0-3). However, the suitability of
10Mel6:0 as a Desulfobacter specific biomarker has been questioned (Parkes et al., 1993,
Chapter 4). Similarly, Desulfovibrio biomarker i17:1®w7¢ was not detected, while the con-
sidered Desulfobulbus indicator fatty acid 17:1w6 could not be determined individually but
as part of the summed aggregate 17:1. The abundances of PLFAs considered for the SRB
were comparable between CS and the biochar treatments at the lowest sampled Ey around -
110 mV. Clear changes in PLFA abundance were found for 10Mel18:0 (decrease) and
al5:0 (increase). Increasing Ey to 0 mV resulted in deceasing PLFA abundances in CS and
CS+BC200, while this effect was not observed in CS+BC500 (Fig. 0-3). The results for the
En windows 100 mV and 200 mV were very similar in CS and the biochar treatments. In
general, PLFA abundances increased. Distinct deceases in PLFA abundance were found
for CS and CS+BC500 at Ey window 300 mV. Lowering the Ey to 200 mV again resulted
in PLFA abundances that were comparable to the first sampled 200 mV window in CS.
However, PLFA abundances had decreased considerably in CS+BC200 and CS+BC500 at
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the same time (Fig. 0-3). Abundances for the last sampling were again higher in CS and
the biochar treatments.

In general, PLFA results gave no clear indication of whether SRB were the likely Hg
methylators in our experiment. However, the concomitant increase in “SRB” PLFA abun-
dance and MeHg concentrations at the first 100 mV Ey window may be seen as a sign of
SRB mediated Hg methylation (Figs. 5-3 and 0-3).

5.3 Conclusions

We aimed to study the impact of two different biochars as amendments to a contaminated
floodplain soil on the release of Hg; as well as the formation and mobilization of MeHg
and EtHg under dynamic Ey conditions utilizing an advanced automated biogeochemical
microcosm system. Both amendments, BC200 and BC500, showed little impact on the
mobilization of Hg;, MeHg, and EtHg as well as on redox processes. Although BC500 was
somewhat more effective than BC200 in controlling the mobilization of Hg; and MeHg the
results were marginal. This may reflect the formation of strong Hg complexes with dis-
solved organic and inorganic ligands under our experimental conditions, leading to a minor
formation of chemical bonds between Hg and functional groups of the biochars. Therefore,
the high Hg;, MeHg, and EtHg concentrations at the beginning of the experiment at Ey
windows ~ -80 mV and -110 mV might be interpreted as co-dissolution of Hg and DOC
upon flooding, rather than a direct effect of lowering Ey at the beginning of the experi-
ment. This assertion is supported by the strong correlations between Hg;, MeHg, and EtHg
with DOC and declining Hg concentrations despite declining Ey. Secondly, biochar is
known to possess a large number of negative surfaces charges, which should actually be
able to sorb Hg?*. However, it could be that those potential binding sites for Hg at the bio-
char itself may have been occupied by other ions and/or blocked by biofilm what may have
led to a mobilization of Hg and its compounds. Therefore, Hg; could be mobilized in
CS+BC200 and CS+BC500 to a similar extent as compared to CS. Overall, the mobiliza-
tion of Hg;, MeHg, and EtHg was largely impacted by the systematic changes in Ey. We
found an inverse relationship between Ey and Hg;, while the impact of E4 on MeHg and
EtHg concentrations was rather characterized by specific Ey windows at which ethylation
(0 mV) and methylation (between -50 and 100 mV) were favored. Presumably SRB were
the principal methylators in our experiment based on PLFA results.
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Future research should further clarify the impact of Ey4 and DOC on Hg mobilization and
the role of CI" in influencing Hg: immobilization. Thorough microbial analyses should be
conducted to better evaluate the role of SRB. Additionally, the complex interactions be-
tween biochar and soil biogeochemical redox processes should be further elucidated. Also,
various biochars, differing in feedstock and pyrolysis temperature as well as designed bio-
chars should be tested with a view to their potential to decrease the mobilization of Hg;,
MeHg, and EtHg under dynamic redox conditions in frequently flooded soils. Finally, con-
sidering the high Hg; release, our study highlights the necessity of conducting amendment
tests under variable redox conditions in the field to evaluate the severity of environmental

risk.
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6. Mercury release dynamics in different soil horizons of two Saale
River floodplain soils

6.1 Short introduction Chapter 6

The impact of various potential parameters such as DOC content, Ey, and pH on Hg re-
lease in soils of the Saale River floodplain were examined. The effects of flooding events
and associated changes in the parameters were analyzed in different soil horizons at two
different sites. The aim was to identify the parameters with the highest influence on Hg
release dynamics in the field at the two specific study sites. The concept and experimental

design is visualized by the following Figure 6-1.
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Figure 6-1: Graphical sketch illustrating the methodical concept of the field study utilizing hydro-
logical monitoring stations acquiring data in different soil depths as indicated. Selected measured
parameters are listed and the influence of floodings is implied (photograph by Jérg Rinklebe).

6.2 Results and discussion

6.2.1 Flooding events during the field experiment

The soil hydrological monitoring stations Saale 1 and Saale 2 were operated from May 23
(Saale 2) and 31 (Saale 1), 2002 until April 16, 2007. During this time period, Saale 1 was
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flooded 139 days by eight flooding events, while Saale 2 was flooded nine times for 170
days in total, two of these events including only short interruptions (Fig. 6-2). The longer
flooding duration at Saale 2 was due to the fact that ground surface at monitoring site Saale
1 is 43.32 metres above mean sea level, while Saale 2 is situated at lower elevation: 43.08
metres above mean sea level. No additional floodings were recorded between May 23 and
31 at Saale 2. The longest period of flooding was from March 28 until May 3 (Saale 1) and
5 (Saale 2), 2006, respectively, during Elbhochwasser 2006. Nevertheless, the highest wa-
ter levels were recorded in August 2002 in the course of the 2002 European floods: At Au-
gust 19, 2002 the Elbe River flooded the monitoring sites by 2.75 (Saale 1) and 2.99 (Saale
2) meters, respectively.
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Figure 6-2: Variation of the Elbe River water level at the monitoring sites Saale 1 (A) and Saale 2
(B) as well as flooding events of the Elbe River during the operation time of the soil hydrological
monitoring stations between May 31, 2002 and April 16, 2007. Saale 1 is situated 43.32 and Saale 2
43.08 metres above mean sea level (MAMSL).
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6.2.2 The impact of Elbe River flooding events on soil biogeochemis-

try

Rising water levels of the Elbe River were accompanied by increasing soil moisture con-

tent and decreasing pore water pressure (PWP) at both sites. Significant correlations were

found for both relationships which became stronger with soil depth. Similarly, rising water

levels usually resulted in declining Ey within the different soil depths of the monitoring

sites. This trend was more pronounced at Saale 2 and rather distinct in deeper soil depth
(Fig. 6-3).
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Figure 6-3: Variation of the redox potential (Ey) within soil solutions of different depths at the mon-
itoring sites Saale 1 (A) and Saale 2 (B) as well as flooding events of the Elbe River during the op-
eration time of the soil hydrological monitoring stations between May 23, 2002 and April 16, 2007.
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Consequently, a negative relation between Ey and soil moisture content was common at
both monitoring sites. Such a relation with soil moisture content was not found for pH at
Saale 1 while a weak negative correlation was detected when the results of all soil depths
of Saale 2 were considered. Thus, the impact of rising Elbe River water levels and soil
moisture content was higher on Ey than on pH. The two last named parameters often show
an inverse relationship (EI-Naggar et al., 2018) which did not become apparent during the
field experiment. Nevertheless, in many cases, reduction is accompanied by proton uptake
while oxidation reverses this process (Alberts et al., 2008; Husson, 2013). Contrary to pa-
rameters with high temporal resolution measurement such as Ey, soil moisture content, and
PWP, other parameters such as Hg(ll), pH, DOC, CI', and SO,* were determined at specif-
ic dates. Considering all Ey values (Ey all) of all depths Ey at Saale 1 varied between -39
and 994 mV (Fig. 6-3). Focusing on the depths form which Hg(ll) samples were collected
Ey varied between 102 and 988 mV. At the times soil solution samples were taken to ana-
lyze Hg(ll) and other parameters Ey in soil solution within 30, 60, and 100 cm showed
moderately reduced or oxidized soils (Table 0-5, Appendix C).

The pH increased with rising soil depth when the groundwater was excluded. The pH in
precipitation ranged from very strongly acid to neutral, from moderately acidic to moder-
ately alkaline in 30 cm, and form neutral to strongly alkaline in 60 and 100 cm (Table 0-5).
The pH range in groundwater was found to be high: from extremely acidic to moderately
alkaline.

At the lower lying Saale 2 monitoring station considerably lower Ey values were recorded
(Table 0-6, Appendix C). Particularly during Elbhochwasser 2006 a strong Ey decline was
determined in soil solutions of all sampled depths (Fig. 6-3). This decline was much more
pronounced compared to Saale 1 where Ey had declined as well in all probed soil solutions
(Fig. 6-3). In general, differences in Ey between Saale 1 and Saale 2 became more evident
in the upper soil horizons while in 100 cm depth mean Ey values were close to each other
indicating again the influence of soil moisture and soil aeration on Ey values (Tables 0-5
and 0-6).
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As a matter of stronger water influence Ey values at Saale 2 indicated highly reduced soils
coinciding with flooding events and oxidized soils when Elbe River water levels were low
(Figs. 6-2 and 6-3, Table 0-6). Redox potential varied between -435 and 887 mV when all
En values of all sampled Saale 2 depths were considered. Thus, combining both study sites
of the Saale-Elbe confluence study area Ey was in the range -435 to 994 mV which vali-
dates that the systematically controlled Ey4 values of the microcosm experiments were
within a Ey range which can be found in nature as well.

Measured pH values at Saale 2 were similar to those determined at Saale 1 with compara-

ble variations between soil depths (Table 0-6).

6.2.3 Mercuric mercury concentrations at the Saale-Elbe confluence

Mercuric Hg concentrations determined at the Saale-Elbe confluence study area were gen-
erally around 30 pg/ml (Tables 0-5 and 0-6). There was neither a distinct divergence be-
tween the two monitoring sites nor were pronounced differences between Hg(ll) concen-
trations in precipitation, soil solutions or groundwater observed. Figure 6-4 shows changes
in Ey and Hg(ll) in soil solutions of the sampled soil depths at Saale 1 as well as the flood-
ing events of the Elbe River. Obviously, the variations in Hg(Il) concentration are hardly
attributable to floodings and concomitant Ey changes. There were no significant correla-
tions between Hg(Il) and Ey (Table 0-7, Appendix C).
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Figure 6-4: Changes in Ey and Hg(ll) in soil solutions of different depths at the monitoring site

Saale 1 as well as flooding events of the Elbe River.
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Similarly, a clear negative relationship between Ey and Hg(ll) at Saale 2 was found in the

25 cm soil solution solely (Table 0-7, Fig. 6-5).
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Figure 6-5: Changes in Ey and Hg(ll) in soil solutions of different depths at the monitoring site
Saale 2 as well as flooding events of the Elbe River.
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A relation between Hg(ll) and pH was missing at Saale 1 while a negative relation was
found for the 100 cm soil solution at Saale 2. This negative relation is in contrast to the
positive relations found between Hg; and pH in the course of the microcosm experiments.

In general, although changes in Ey as well as pH have been identified as potential reasons
for Hg release from soil (Xu et al., 2015) results for the Saale-Elbe confluence study area
show strong relationships between Hg(ll) and Ey or pH for individual soil depths only at
the Saale 2 site (Table 0-7). The absence of strong relations between Hg; and Ey as well as
pH has also been reported by Frohne et al. (2012) who suggested that Ey and pH play sub-

ordinate roles in Hg mobilization and that Ey changes affect Hg mobilization indirectly.

6.2.4 Parameters with possible impact on mercuric mercury mobiliza-
tion

Relevant parameters which may influence release or absorption of Hg(ll) were compared
between the sampling sites and between the different depths. In addition, interdependency
between parameters was analyzed for either site or both sites in combination in order to
understand potential effects on Hg(ll) concentrations in the soil samples.

Average values for Hg(ll), SO4>, and CI” concentrations from the different sample depths
show that anion concentrations increase with depth while Hg(ll) appears to decrease (Fig.
6-6). This is true for both sampling sites Saale 1 and Saale 2 (Fig. 6-6). Also the DOC de-
creases with depth and is lowest in the groundwater (GW). The differences in the anion
concentrations at the different depths is well reflected by the conductivity which is highest
at 100 cm for both Saale 1 and Saale 2 samples. Interestingly, CI" and SO,* molar concen-
trations are strongly correlated as shown here for all data from Saale 1 and Saale 2 includ-
ing all depths (Fig. 6-7A). As molar concentrations are plotted in Figure 6-7A it becomes
apparent that on the basis CI" and SO,* concentrations are in the same range but CI " is on
average about 1.34 times higher than SO,*. As major anions in the samples, CI" and SO,*
will predominantly contribute to soil conductivity. A relationship is shown in Figure 6-7B.
The plotted values are calculated from the molar concentrations of both anions considering
also the net charge of the ions, i.e. the concentrations of the divalent sulfate were doubled.
A significant (P < 0.0001) positive correlation was found and the linear regression shows
an r’ = 0.8737).
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Figure 6-6: Parameters determined in different soil depths of the field study sites Saale 1 (A, B) and
Saale 2 (C, D) presented as bar diagrams. Concentrations of SO,%, CI", and Hg?* are shown in fig-
ures A and C. Conductivity and DOC concentrations are shown in figures B and D.

88



A 251 B 5000,

Saale 1+2 (all depths) ° Saale 1+2 (all depths)
o
20 b T 4000+
r? = 0,9280 8 r? = 0.8732
= ) P < 0.0001
S 1s{ P<00001 2 30004
= 2
E 2
3 104 ° 20004
T
e
o
5 O 10004
o4
0-+o—* T T T T T 1 0 T T T T 1
0 2 4 6 8 10 12 0 10 20 30 40 50
8042' [mMol/l] Negative charges from SO 42' +CI’
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ride concentrations. B. Correlation between conductivity and the sum of the negative charges calcu-
lated from the molar concentrations of SO,2 and CI".

Published results on the relationship between CI” concentrations and Hg release are incon-
clusive since the outcome of changing CI" concentrations depends on diverse parameters
such as Hg species and concentration, CI" and sulfide concentration, OM content, and pH
(Yin et al., 1996; Pelcova et al., 2010; Xu et al., 2014). As the data for Saale 1 and Saale 2
show a strong correlation between CI~ and SO.* concentrations, their effects on Hg(ll)
cannot easily be discriminated. For Saale 1 (all depths), however, we find a significant
negative correlation between Hg(ll) and CI" concentrations (Fig. 6-8A) while there is no
significant correlation with SO,* (Fig. 6-8B, Table 0-7). For Saale 2, neither CI" nor SO~
significantly correlate with Hg(ll) levels (Table 0-7). At least our observations partially
confirm the results of others that CI" may have an effect on Hg release. Obviously further
parameters are involved and Hg(ll) release is controlled by multiple processes augmenting
or impairing each other.

89



A 157 B 101
Saale 1 (all depths) Saale 1 (all depths)
. r? = 0,0692 5 r2 = 0,0341
oo P < 0,0208 81 oo ¢ P <0,1078
E o
E ey o
g § 6+ oo%o oo o
£
£ S %’ > o
— & Oo
— <+ M5
o o s
@ 8 .
0p® & % o °
21 %08 ® oo °
o o
o
0 0 o
v T T T 1 v T T T 1
0 50 100 150 200 0 50 100 150 200
Hg(ll) [pg/ml] Hg(ll) [pg/mi]

Figure 6-8: Correlation between Hg(l1) concentrations and Cl" (A) as well as SO,2" (B) for the Saale
1 study site. The negative correlation between Hg(ll) and ClI is significant with P < 0.0208.

Dissolved organic carbon is well known as important parameter with possible impact on
Hg mobilization due to the strong binding between Hg and the reduced sulfur groups of
DOC (Wallschlager et al., 1996; Xu et al., 2014; Bravo et al., 2018). The average data
from Figure 6-6 indicates that both Hg(ll) and DOC concentrations decreased with soil
depth. Plotting Hg(ll) vs. DOC concentrations for all depths of the Saale 1 and Saale 2

sites did not reveal a significant correlation (Fig. 6-9, Table 0-7).
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Figure 6-9: Relationship between Hg(ll) and DOC concentrations for the Saale 1 and the Saale 2
study site. There is no significant correlation.

However, despite being an important ligand for Hg positive correlations between DOC and
Hg may not always be found, since the reduced sulfur (i.e. thiol) groups which are the ma-
jor binding sites for Hg are a small fraction of dissolved organic matter (Haitzer et al.,
2002; Ravichandran, 2004). This may, in part, explain why a negative correlation was
found between Hg(Il) and DOC in the 100 cm soil solution of Saale 2 (Table 0-7). Such
relation has been reported by Kim et al. (2015) for Hg; and DOC as well.
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Figure 6-10 shows the influence of E4 and DOC on Hg(ll). A clear relationship is neither
seen for the study sites Saale 1 and Saale 2 nor when results of both were combined.

Contrarily, Figure 6-11 suggests that the interplay between DOC and CI" may have had
stronger influence on Hg(Il) mobilization. The results for Saale 1, Saale 2, and both moni-
toring sites together indicate that a combination of higher DOC and lower CI" favored the
release of Hg(ll) (Fig. 6-11). It is interesting to notice that negative relations between CI
and Hg are seldom reported in literature. Hall et al. (2008) found this relation for different
ecosystem types in southern Louisiana and the Gulf of Mexico region. Moreover, this rela-

tion was calculated for the BC200 & BC500 experiment as well (Chapter 5).
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A clear distinction between precipitation derived and mobilized legacy soil Hg(ll) requires
additional analyses. The measurement of Hg isotopes is a promising tool to identify
sources and pathways of Hg (Yin et al., 2014; Sherman et al., 2015; Obrist et al., 2018). It
is suggested that more than 90% of the Hg loading of surface waters can be attributed to
atmospheric deposition (Leopold et al., 2010). Analysis of Hg isotope compositions in sur-
face water of eight freshwater lakes in Ontario, Canada, indicated that about 42% + 26 of
the Hg:; determined originated from precipitation (Chen et al., 2016). Modelling by
Hararuk et al. (2013) for the contiguous United States predicted increasing soil Hg pools
following an increase in precipitation amounts. However, despite the potentially strong
contribution of precipitation derived Hg in soil solutions and groundwater of the Saale-
Elbe confluence study area research at another contaminated site indicates that precipita-

tion may be a minor contributor (Washburn et al., 2017).

6.3 Conclusions

The results obtained by the soil hydrological monitoring stations Saale 1 and Saale 2 at the
Saale-Elbe confluence study area clearly demonstrate the strong influence of rising water
levels on Ey changes which have been shown to proceed within a short period of time and
with appreciable intensity. A direct impact of these Ey changes on Hg(ll) did not become
apparent. Moreover, Hg(ll) concentrations determined in precipitation samples were of
similar magnitude to those measured in the different soil solutions and groundwater irre-
spective of monitoring site. Therefore, with regard to Hg(ll) concentrations found in soil
solutions and the groundwater, it is difficult to distinguish whether these concentrations
result from biogeochemical changes induced by flooding events or rather reflect the seep-
ing of precipitation derived Hg(Il). However, the results indicate that Hg(ll) increased with
higher DOC and lower CI" concentrations. While the binding of Hg to thiol groups of DOC
is well known the impact of CI" on Hg mobilization is suggested to be complex and re-
mains an interesting field for future research. Additionally, upcoming research utilizing
soil hydrological monitoring stations should consider measuring Hg isotope ratios to trace
the movement of Hg. By this a clearer distinction between precipitation derived and mobi-

lized legacy soil Hg(ll) would be possible.
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7. Synthesis

7.1 Influence of redox potential and amendments on the release of
total mercury and mercury species

The presented work shows that the redox potential influences Hg mobility. The impact of
such Ey changes on release of Hg: and the release and formation of Hg species was com-
plex. However, both during the microcosm experiments and in the course of the field study
significant negative correlations between Ey and Hg; as well as Hg(Il) were found indicat-
ing that declining Ey favored Hg; and Hg(ll) release, while increasing E was accompanied
by declining Hg; and Hg(ll) concentrations (Tables 0-2, 0-4, and 0-7, Figs. 4-3 and 5-3).
This relation was particularly clear for the BC200 & BC500 experiment during which Hg;
concentrations were higher at the last two samplings when Ey had been lowered again
(Fig. 5-3). When SBFL was used as amendment the influence of Ey became negligible.
The reason is that adsorption of Hg to SBFL is governed by quite different chemical pro-
cesses compared to Hg binding to biochars which will be discussed in detail below.
Redox potentials determined in the course of the field study at the Saale-Elbe confluence
were in the range -435 to 994 mV. Considerably lower Ey values were found at the moni-
toring site Saale 2 which is situated 24 cm lower than Saale 1 and was, therefore, more
affected by increasing water levels. The lowest Ey determined for Saale 1 was -39 mV.
These results highlight the strong influence of soil moisture on Ey. Comparing laboratory
experiments with the field study it becomes apparent that the systematically controlled Ey
values of the microcosm experiments were within a Ey range which can be found in nature
as well. Furthermore, the Ey values determined for Saale 2 show that the soil at this moni-
toring site had a higher Ey capacity than the Wupper soil used in the microcosm experi-
ments whose Ey could not be reduced below -260 mV. Instead, Ey at Saale 2 declined
from 295 to -435 mV within 32 days.
Significant positive correlations were found between pH and Hg; in the course of the mi-
crocosm experiments. Considering published results on the relationship between Hg and
pH (Wallschléger et al., 1996; Xu et al., 2014) indicating a rather small impact of pH on
Hg release it may be suggested that the calculated relationship between pH and Hg; was
provoked by the strong link between Ey and pH as described in Chapter 6. Indeed, a nega-
tive correlation between Hg(ll) and pH was found at the Saale-Elbe confluence solely (Tab
0-7).
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The thiol groups of DOC are strong binding sites for Hg making DOC a particularly im-
portant ligand for Hg as discussed in the previous chapters. Results obtained by the micro-
cosm experiments support the strong positive relationship (Tables 0-2 and 0-4), while no
such relationship was found in the course of the field study (Table 0-7). However, the mi-
crocosm results indicate that fine biologically decomposed organic material with associat-
ed Hg entered the aqueous phase upon flooding of the soil (Fig. 5-3). Similar patterns indi-
cating a co-release of MeHg and EtHg with DOC at the beginning of the microcosm exper-

iments were found as well (Figs. 4-3 and 5-3).

Another parameter potentially exerting influence on Hg release is CI". Considering the re-
sults of the microcosm experiments and the field study this parameter may have had
stronger impact during the BC200 & BC500 experiment and the field study compared to
the BC & SBFL experiment. As has been discussed in the previous chapters the effect of
CI" on Hg release is superimposed or affected by diverse factors and it may, therefore, re-
main obscured in several cases. Examining the effects of CI" and DOC on Hg release for
the BC200 & BC500 experiment and the field study results indicated that Hg release was
supported by increasing DOC concentrations and decreasing CI” concentrations (Figs. 5-5
and 6-11).

Higher Hg concentrations at lower CI” concentrations may indicate that Hg,Cl, formed and
precipitated at higher CI" concentrations removing Hg from solution (Kim et al., 2004,
Jeong et al., 2007; Chen et al., 2017). The formation of Hg,Cl, requires the reduction of
Hg(ll) to Hg(l) which may take place on the surfaces of adsorbents (Lloyd-Jones et al.,
2004; Kong et al., 2011; Li et al., 2017).

Based on the described results it may be concluded that comparable processes may have
taken place in the course of the microcosm experiments and the field study indicating that
experimental flooding in microcosms provides results similar to flooding in the field. In-
teractions between Hg and the considered parameters became more obvious in the course
of the microcosm experiments due to laboratory conditions. However, it seems that both
during microcosm experiments and in the course of the field study flooding induced Ey
changes and DOC release which both contributed to the release of Hg: or Hg(ll), respec-
tively. Furthermore, higher CI" concentrations may have influenced Hg concentrations in

solution due to the precipitation of Hg,Cl..
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In conclusion, both microcosm experiments and the field study revealed potentially im-
portant processes for Hg release. However, comparing Hg results obtained in the laborato-
ry and in the field it can be seen that, despite the fact that both floodplain soils were pollut-
ed by Hg; to a similar degree, continuous stirring of the flooded soil in the microcosms
favored the dissolution of Hg; since Hg(ll) concentrations measured in the field were sig-
nificantly lower (Tables 0-1, 0-3, 0-5, and 0-6). The highest Hg(Il) concentration deter-
mined for the Saale-Elbe confluence was 0.18 pg/l, while the lowest Hg; concentration
determined in the course of the microcosm experiments was 0.91 ug/l. These results
demonstrate that in situ soil has a higher potential to retain Hg as might be suggested based
on microcosm experiments.

Furthermore, in contrast to the microcosm experiments it was not possible to deduce
whether Hg(ll) in soil solution of the Saale-Elbe confluence was mobilized legacy Hg(Il)
or precipitation derived Hg(ll). Measures to identify the source of measured Hg are dis-
cussed in Chapter 7.2.

Based on published results concerning Hg removal from aqueous solutions by means of
biochar (Liu et al., 2018b) it was suggested that Hg in floodplain soils can be immobilized
by amendments. Knowledge of the chemistry of Hg interactions with DOC as well as other
organic and inorganic soil components will be helpful to identify suitable amendments as
their interactions with Hg may depend on similar chemical reactions.

It was found that the added SBFL was particularly effective in reducing Hg dissolution
from soil irrespective of prevailing Ey. Sugar beet factory lime reduced mean Hg; concen-
tration released during the experiment by 65%. Biochar based material as well as BC200
and BC500 showed a smaller impact on Hg; release resulting in Hg reduction of 21%, 8%
and 23%, respectively. These amendments primarily reduced Hg; mobilization under high-
ly reduced conditions around Ey -125 mV (BC) and -110 mV (BC200 & BC500), respec-
tively, at one specific sampling. This effect is highlighted in Figure 7-1. Higher efficien-

cies in reducing Hg; concentrations by biochars were recently reported (Liu et al., 2018a).
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Figure 7-1: Changes of Ey values (circles) and Hg; concentrations (rhombs) in the course of the
microcosm experiments. The impact of BC (A) as well as BC200 and BC500 (B) on Hg; concentra-
tions under highly reduced conditions is highlighted by the red rectangles.

There are several possibilities why the amendments BC, BC200, and BC500 were not as
efficient as considered in our experiment. For evaluating the potential reasons a compart-
ment model of soil components will be used considering the specific Hg binding sites for

each compartment:
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In CS three compartments will be distinguished which provide binding sites for Hg; organ-
ic and mineral soil particles and the DOC. Amendments added constitute a further com-
partment. The biochar based material or biochar added in CS+BC, CS+BC200, and
CS+BC500 provided further binding sites.

Typically, reduced sulfur groups are in great excess to Hg; content in soils (Skyllberg,
2012). Thus, the majority of Hg will bind to OM and metal sulfides while oxygen func-
tional groups at Fe and Al oxyhydroxides as well as the edges of phyllosilicates are indi-
rect adsorbents (Xia et al., 1999; Skyllberg, 2012). Mercury in soil solution may be in the
form of Hg®*, HgClI*, HgCl,%, HgCls', HgCl.*, HgCIOH, Hg(OH)*, Hg(OH),’, and Hg-
DOC (Han, 2007). However, due to its affinity for reduced sulfur groups complexes with
thiols of DOC will dominate the speciation of Hg in soil solution (Skyllberg, 2012). Dis-
solved Hg concentrations measured in the course of the microcosm experiments exceeded
those typically reported for natural ecosystems (Leopold et al., 2010). Therefore, it seems
likely that Hg was not solely bound to the small fraction of DOC reactive thiol functional
groups but also to carboxylic functional groups. Research by Haitzer et al. (2002) indicated
that the binding of Hg to DOM under natural conditions (very low Hg/DOM ratios) is con-
trolled by a small fraction of DOM containing a reactive thiol functional group providing
strong binding sites for Hg while carboxyl groups came into play at higher Hg to DOM
ratios. It is noted that pH may influence the dissociation rate of carboxylic acids and there-

by the number of potential binding sites.

As a matter of the strong binding between Hg and the reduced sulfur groups mobilization
of Hg is rather influenced by DOC than by pH (Wallschléger et al., 1996; Xu et al., 2014).
Therefore, it seems unlikely that biochar sorption of Hg was hampered by protons occupy-
ing binding sites. Besides protons other cations may occupy biochar binding sites. Howev-
er, as Hg binding to biochars was observed at a certain Ey it doesn’t seem plausible that Hg
was bound to binding sites and got replaced shortly after again. Another thesis why biochar
showed little effect on Hg sorption is the presence of dissolved complexes binding Hg and
hampering the sorption to biochar. The presence of such complexes can’t be ruled out.
Still, they would have been present in the microcosms without amendment as well. There-
fore, it seems unlikely that in CS Hg was released from complexes at the certain Ey and
stayed in solution while the Hg released from the complexes in the amended microcosms
was bound to the biochar and got complexed again after changing redox conditions. Chem-

ical reactions which compete for Hg binding concerning organic components such as DOC
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and biochars are presented in Figure 7-2. The scheme depicts some potentially important

reactions which are discussed here and is thought to illustrate the interrelationships.

R-COOH R-SS-R
R-COO- R-SH H*

b

v

R-COO-Hg* - J/f % R-S-Hg*

R-SH H*

Me2+
Me*

F 3

R-COO-Mel*)

Figure 7-2: Scheme of relevant chemical reactions involved in mobilization and immobilization of
Hg?* by organic soil components. The concentration of dissolved Hg?" is determined by the number
of available binding partners and the equilibrium constants of the respective reactions. It is also
indicated that binding partners can be altered in their amounts for example by pH, Ey or competitive
metal ions thereby affecting potential Hg binding sites and thus the Hg®*-concentration. The bold
arrow should point to the fact that the reaction is driven preferentially in direction of the product R-
S-Hg".

Another factor which may affect Hg adsorption in the soil environment is the formation of
biofilms. In general, a short term redox change is unlikely to alter a possible film on the
biochar so that Hg can be bound. In the course of the microcosm experiments biofilms may
have formed as in nature cells grow predominantly in such aggregation of soil microorgan-
isms especially in heavily polluted sites (Gross et al., 2007). Thus, the alteration of the
biochars surface and its chemical and physical properties by the formation of biofilms on
the biochar particles needs to be considered. Possibly, biofilms may reduce the interaction
of Hg with the biochars surface and by that disturb its effects on Hg immobilization. Oth-
erwise biofilms themselves accumulate inorganic and methylated Hg compounds
(Hintelmann et al., 1993; Dranguet et al., 2017; Dranguet et al., 2018) and may also lead to
a higher rate of Hg methylation compared to planktonic bacteria (Lin et al., 2013). Differ-
ent mechanisms play a role in Hg uptake by biofilms, e.g. steric hindrance and electrostatic
interactions, binding functional groups of the extracellular polymeric substance matrix, and
adsorption by mineral fractions present in biofilms (Dranguet et al., 2017). Leclerc et al.
(2015) hypothesized that Hg-thiol complexation in the extracellular fractions of biofilms

can occur which may potentially affect the bioavailability of Hg and increase its methyla-
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tion. Dranguet et al. (2017) noted that the bioavailability of Hg compounds, their transfor-
mations, and their effects depend on their concentrations and speciation, ambient water
characteristics, biofilm matrix composition, and microorganism-specific characteristics.
Here it seems that biofilm matrix composition and microorganism-specific characteristics

had only little influence on the fate of Hg species.

The sorption of Hg-DOC complexes at the amendments was potentially of importance.
Except for the microcosms amended with SBFL strong positive relations between Hg; and
DOC were found (Tables 0-2 and 0-4). In the course of the BC & SBFL experiment both
Hg: and DOC concentrations decreased due to the added BC and SBFL. The results for
CS+SBFL indicate that this reduction is not exclusively attributable to concomitant bind-
ing of DOC and Hg;. Considering possible interactions between Hg-DOC complexes and
BC200 as well as BC500 it has to be noted that variations in DOC concentrations in the
BC200 & BC500 experiment were less pronounced compared to the BC & SBFL experi-
ment (Tables 0-1 and 0-3). Consistently, Hg; and DOC concentrations were slightly lower
in CS+BC500 solely (Table 0-3). Although often used for remediation purposes biochar
amendment has been shown to have the potential to increase DOC concentrations which
may be linked to enhanced leaching and mobility of soil contaminants (Beesley et al.,
2010; Qi et al., 2017; Chen et al., 2018). Contrarily, it has also been reported that DOC
may be captured by biochars (Kammann et al., 2015). However, biochar mediated changes
in DOC concentration may not always be determined (Jones et al., 2012). In general, feed-
stocktype and pyrolysis temperature influence properties of biochars including their poten-
tial to release DOC (Liu et al., 2015). Here, minor effects of biochar amendment on DOC

concentrations were determined solely.

Instead it seems likely that under highly reduced conditions when Hg got bound at the bio-
chars disulfide bridges turned into two thiol groups providing strong binding sites for Hg
lowering dissolved Hg concentrations. The redox sensitivity of such bridges explains why
Hg was released with changing redox conditions again. The effectiveness of such disul-
fide-dithiol sites is well known for biological systems and is part of enzyme-based micro-
bial Hg resistance (Robinson and Tuovinen, 1984; Barkay et al., 2003). Following this
assumption, microcosm experiments indicated that binding site quality is potentially more
relevant than binding site quantity for Hg immobilization in soil.
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With respect to immobilization of Hg by means of SBFL interactions with inorganic com-
ponents of the lime and also organic components of the sugar beets have to be considered.
However, the components of the lime will presumably provide the dominant Hg binding
sites. The chemical composition of lime is variable but its main constituent is usually cal-
cium oxide (CaO). In addition, it contains SiO,, Al,O3, Fe;03, MgO, and CaCOs in varia-
ble amounts (Panda et al., 2012; Kili¢, 2013; Zumrawi and Hamza, 2014; Sarsam et al.,
2017) dependent on the origin of the lime. The main constituent of carbonated lime as used
in the course of the BC & SBFL experiment is CaCO3 making up more than 80% of the
lime (Shaheen and Rinklebe, 2017). Most of the constituents are potential binding partners
for Hg. Early studies have shown, that the main component CaCOs; is capable to interact
with various metal ions such as Cd**, Mn?*, Zn**, and Co*" (Comans and Middelburg,
1987). These interactions can be resolved into two reactions, a fast primary adsorption to
the CaCOg surface and a subsequent slow precipitation, i.e. a more stable incorporation of
the metal into the crystal lattice (Comans and Middelburg, 1987; Papadopoulos and
Rowell, 1988). A study by Hutson et al. (2008) on the removal of Hg from coal flue gas
revealed that Hg®* but not Hg(0) will be retained by CaCOs. Fazlollahi et al. (2014) suc-
cessfully applied CaCO3 to remove Hg from oil field brine. Based on the high CaCOj3 con-
tent in SBFL, Hg binding to CaCOs is thus suspected be the major process for Hg immobi-
lization by means of lime. Nevertheless, minor SBFL components are also capable to bind
Hg. As their binding sites are still in excess compared to Hg, these components can also
contribute to Hg immobilization. Silicon dioxide containing minerals as part of the lime
expose hydroxyl groups (=Si-OH) at the surface capable of Hg binding (Tiffreau et al.,
1995). Similarly, iron oxides can interact with Hg®* forming stable =Fe-O-HgOH
(Bonnissel-Gissinger et al., 1999). Concerning CaO, density functional theory studies by
Guo et al. (2007) and Sasmaz and Wilcox (2008) showed that Hg** as HgCl, binds to CaO
crystalline surface while Hg(0) only weakly interacts with CaO.

Figure 7-3 summarizes the suggested binding sites in soil, those of the amendments, and
those compartments for which Hg was determined in the course of the microcosm experi-

ments and the field study.
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Figure 7-3: Simplified scheme illustrating the sites, considered as compartments, which interact with
dissolved mercury in the course of Hg immobilization. Some typical chemical functional groups and
structures involved in Hg binding and discussed here are indicated. Measured mercury concentra-
tions in soil solution include DOC bound Hg(Il) (surrounded by the red dotted line). On the left side
the natural soil compartments and on the right side the amendments used in this work are depicted.
The amounts and the binding strengths of the reaction partners determine the distribution of Hg?"
into the different compartments.

7.2 Conclusions and implications for further research

The flooding experiments conducted with the biogeochemical microcosms as well as the
field study operated by means of soil hydrological monitoring stations consistently indicate
that flooding with concomitant Ey reductions and the entrance of fine biologically decom-
posed organic material into the aqueous phase as measured by DOC concentrations result-
ed in higher Hg mobilization. Furthermore, laboratory and field observations suggest that
Hg.Cl, formed and precipitated at higher CI" concentrations.

The addition of BC, SBFL, BC200, and BC500 in the course of the microcosm experi-
ments reduced mean Hg; concentrations by 8% up to 65% compared to unamended CS.
Thiols of redox sensitive disulfide bridges are suggested to be the most important addition-
al binding sites for Hg; of BC, BC200, and BC500. However, these suggested thiol binding
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sites came into effect under highly reduced conditions solely. Therefore, the tested biochar
based material as well as the biochars BC200 and BC500 showed limited potential to re-
duce Hg; mobility. Furthermore, the capability of these amendments to impede the for-
mation of MeHg and EtHg was negligible. Slightly lower MeHg concentrations were
found in CS+BC500 solely. The amended SBFL was much more efficient with regard to
Hg: immobilization. One possible reason might be that Hg got incorporated into the crystal
lattice of CaCO3 which is the main constituent of SBFL. However, next to such stable in-
corporation other constituents of SBFL may bind Hg as well. Despite the lower Hg; con-
centrations due to the added SBFL MeHg concentrations in CS+SBFL were similar to
those of CS which can be attributed to the stimulation of microbial growth including SRB
by SBFL as inferred from PLFA profiles.

In general, PLFA profiles of both microcosm experiments indicate that SRB were the pri-
mary methylators of Hg. Results of the BC200 & BC500 experiment reveal that Hg meth-
ylation may occur at comparatively high Ey (between -50 and 100 mV) as well.

The pattern of EtHg found in CS and the treatments in the course of the BC200 & BC500
experiment suggests that ethylation may be favored around Ey 0 mV. This finding might
be of interest considering that limited information is available on the ethylation of Hg in
the natural environment.

Future research should consider clarifying the impact of E and DOC on Hg mobilization
separately. The microcosm results suggest that co-dissolution of Hg and DOC occurred
upon flooding of the soils which may lead to an overestimation of Ey impact on Hg when
En is lowered at the beginning of the experiment. Furthermore, additional analytics should
be used for a better identification of SRB. The measurement of Hg isotopes, particularly in
the field, should be considered for a better identification of Hg sources and pathways. As
the role of CI" in influencing Hg mobilization/immobilization is not clear microcosm ex-
periments are proposed in which CI concentrations in the slurry will be varied under oth-
erwise constant conditions (Ey, pH). It is noted that the counter cation of the applied CI’

may have an impact on the Hg immaobilization process.
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Figure 0-1: Development of redox potential Ey (solid line), pH (dashed line), and sampling points (circles) in soil slurry (data every 10 min) in the microcosms of
untreated contaminated soil (CS 1; CS 2; CS 3), CS treated with biochar (CS+BC 1; CS+BC 2; CS+BC 3), and CS treated with sugar beet factory lime (CS+SBFL 1;

CS+SBFL 2; CS+SBFL 3). MD = missing data.
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DOC, DIC, Fe, Mn, SO,*, and CI" results

Concentrations of DOC were highest in CS and decreased with increasing Ey in CS and
CS+BC,; therefore, the relation between DOC and Ey was negative in CS (r = -0.82) and
CS+BC (r = -0.79) while this relation was missing in CS+SBFL (Fig. 4-3, Tables 0-1 and
0-2).

An inverse relationship between DOC and Ey has been observed in several studies (e.g.
Grybos et al., 2009; Kim et al., 2014; Rinklebe et al., 2016b). One possible reason for the
lack of this behavior in CS+SBFL might have been the considerably lower minimal Ey
compared to CS and CS+BC (Table 0-1): Organic carbon-Fe chelates form mainly under
anoxic conditions (Lalonde et al., 2012) which may be a reason why DOC concentrations
in CS+SBFL were comparatively low at Ey -204 mV (Fig. 4-3). Diverse processes may
explain why DOC concentrations were higher in CS+SBFL at Ey -80 mV as well as in CS
at Ey -88 mV, and CS+BC at Ey -80 mV: Humic compounds of terrestrial organic carbon
are preferentially sorbed to Fe(lll) and the reductive dissolution of Fe(lll) under anoxic
conditions leads to a release of DOC and Fe(ll) from soil (Peter et al., 2016). The simulta-
neous increase in DOC and Fe concentrations in CS+SBFL at E -80 mV may have been
induced by the dissolution of OC-Fe chelates in the course of increasing Ey and decreasing
pH. High DOC under reducing conditions might also have been provoked by the degrada-
tion of OM to DOC by reductive fermentation and hydrolysis (Frohne et al., 2014;
Shaheen et al., 2016). The increases in DOC in CS+SBFL at E4 116 and 184 mV may in
part be explained by microbial fermentation under moderately reducing conditions
(Aguilar and Thibodeaux, 2005). Similar DOC increases in CS and CS+BC are missing
which may indicate that SBFL characteristics promote microbial fermentation under these
En conditions. This is in good agreement with the finding that substrate characteristics can
affect DOC production (Kim et al., 2014). It has been found that reoxygenation can re-
move most of before released DOC by flocculation while the remaining DOC was mineral-
ized (Peter et al., 2016). Flocculation of DOC in the course of oxygenation occurs via co-
precipitation with iron oxides (Frohne et al., 2011; Lalonde et al., 2012; Cooper et al.,
2017). Lower DOC concentrations detected at higher Ey in CS and the treatments may also
have been promoted by enhanced microbial carbon consumption (Yu et al., 2007; Abel et
al., 2012; Husson, 2013).

Concentrations of DIC above the detection limit were solely found under reducing (< 100
mV) and highly reducing (< -100 mV) conditions in CS and the treatments (Fig. 4-3).

Higher DIC release under anoxic conditions has been suggested to be linked to anaerobic
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microbial communities which are responsible for OM mineralization thereby releasing
DIC and that this process is impaired by oxygen penetration (Longhi et al., 2016).

The concentrations of Fe and Mn in CS and CS+BC were considerably higher under mod-
erately reduced and acidic than under reducing and neutral to alkaline conditions (Fig. 4-
3). In CS+SBFL the trend was similar although comparatively high concentrations of dis-
solved Fe were found at an Ey of -80 mV as well and differences in Mn concentrations
were less pronounced. However, positive correlations between Ey and both Fe and Mn
were found for CS and the treatments although a correlation between Ey and Fe was miss-
ing in CS+SBFL. Contrarily, negative correlations between pH and both Fe and Mn were
detected in CS and the treatments. Increasing concentrations of soluble Fe and Mn in the
course of reductive dissolution under low Ey were often observed in soils (Charlatchka and
Cambier, 2000; Frohne et al., 2015). However, in our experiment, concentrations of dis-
solved Fe and Mn increased with rising Ey which was likely due to the concomitant de-
crease of the pH (Fig. 4-3). Thus, our results suggest that low pH values under moderately
reducing conditions (100-400 mV) favor the dissolution of Fe and Mn which is in agree-
ment with Takeno (2005) and corroborated by considerably higher concentrations of dis-
solved Fe and Mn in CS measured at the sampling at the lowest pH compared to CS+BC
and CS+SBFL with higher pH values (Fig. 4-3).

The mean concentration of SO,* in CS+SBFL (21.8 mg/l) was higher than in CS (14.1
mg/l) and CS+BC (7.8 mg/l) (Fig. 4-3). The sulfur contents of the three source materials
alone are not able to explain these differences (Table 3-4). Contrarily, the results suggest
that the addition of BC diminished the release of SO,* from soil while the addition of
SBFL increased it. Sulfate concentrations were lowest in CS+BC indicating that BC may
have curtailed its release either by sorption and/or inhibiting its formation (Table 0-1). The
major process of SO4> formation in sediments is the reoxidation of reduced S compounds
(Holmer and Storkholm, 2001). Thus, the increased SO, release in CS+SBFL under mod-
erately reducing conditions might have been related to organic S mineralization stimulated
by the amended SBFL and its subsequent oxidation (Lewicka-Szczebak et al., 2009). This
hypothesis is supported by the general assumption that the influence of S forms is more
significant than the S concentration regarding S mineralization (Churka Blum et al., 2013).
Thus, it seems likely that both, DOC and SO,*, show a similar pattern in CS+SBFL under
moderately reducing conditions due to elevated mineralization. Contrarily, we may suggest
that the added BC enhanced the sorption of sulfur forms leading to lower SO, concentra-

tions in CS+BC compared to CS. Besides sorption lower SO,* concentrations in CS+BC
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might be ascribed to higher dissimilatory or assimilatory SO,* reduction which constitute
the main sink of SO, in freshwater systems (Lewicka-Szczebak et al., 2009). This sugges-
tion is supported by findings of Easton et al. (2015) revealing that biochar significantly
increased microbial SO, reduction.

In general, no consistent pattern was observed with regard to the concentrations of soluble
SO,* when CS and the treatments were considered. Negative correlations between SO4*
and Ey were found in CS and CS+BC while this relationship could not be confirmed in
CS+SBFL. A relationship between pH and SO, was missing in CS as well as in the
treatments.

Only slight differences in CI” concentrations were found between CS and the treatments
(Fig. 4-3). Despite lower minimum and maximum concentrations in CS mean concentra-
tions were similar. Similarly, the pattern of CI" was comparable. A modest increase in CI’
concentrations was determined at higher Ey. Consequently, significant correlations were
found between Ey and CI" in CS+BC and CS+SBFL.
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Table 0-1: Redox potential (Ey), pH, concentrations of MeHg and EtHg in the slurry, as well as concentrations of Hg, and other ele-
ments/compounds in the slurry filtrate of the contaminated soil (CS), the contaminated soil plus biochar (CS+BC), and of the contaminated
soil plus sugar beet factory lime (CS+SBFL) during the experiment.

Contaminated soil

Contaminated soil + Biochar

Contaminated soil + Sugar beet factory

Parameter  Unit lime

N Minimum Maximum Mean N Minimum Maximum Mean N Minimum Maximum Mean
En all 10,261 -142 311 119 10,293 -138 303 110 10,329 -260 310 60
Ex [mv] 21 -136 293 93 21 -124 283 85 21 -223 309 84
pH all 7,400 3.7 7.1 5.5° 10,296 4.4 8.4 6.3 10,329 4.4 7.8 6.2
pH? 21 4.0 6.9 5.7 21 4.6 8.2 6.3 21 4.4 7.0 5.8
Hg: [ng/1] 21 5.4 41.9 16.0 21 5.6 25.0 12.7 21 1.6 14.8 5.7
MeHg g/ 21 4.6 77.0 14.7 21 6.0 57.0 135 21 6.1 39.5 17.2
EtHg 21 4.7 66.0 15.6 21 5.7 28 14.2 21 3.2 23.0 12.7
DOC 21 1,197.5 5509.2 2,994.3 21 725.4 3,715.3 2,1344 21 1,281.7 3,480.4  2,075.5
S0 19 7.2 20.3 14.1 21 1.4 20.5 7.8 21 11.3 44.0 21.8
Cr 20 34.8 115.3 79.5 21 48.2 137.1 76.6 21 44.3 141.2 82.4
S oAl 21 4.9 9.4 5.9 21 2.0 7.4 5.0 21 6.8 11.1 9.2
Fe 21 2.1 104.7 29.3 21 2.8 58.8 17.7 21 0.9 68.8 18.7
Mn 21 6.8 64 26.6 21 5.1 46.1 22.8 21 4.8 53.0 29.5

DOC: dissolved organic carbon; N: number of samplings/measurements; ® means of data 6 hours before sampling; ® probably to low due to dysfunction of one pH electrode
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Table 0-2: Correlation coefficients (Pearson) between Hg;, MeHg, EtHg, and factors controlling their release dynamics (Ex6, pH6, DOC, CI’,
S0.,%, PO,*, Fe, Mn) (n = 21) of the contaminated soil (CS), the contaminated soil + biochar (CS+BC), and the contaminated soil + sugar

beet factory lime (CS+SBFL).

Soil En6 pH6 DOC o) S0.% PO* Fe Mn EtHg MeHg
CS -0.688% 0.690° 0.766° n.s.! ns? -0.522%1 -0.562° -0.707% n.s. n.s.
Hg: CS+BC -0.574° n.s. 0.749° n.s. 0.440° n.s.? -0.618° -0.775% 0.686° n.s.
CS+SBFL n.s. 0.511° n.s. n.s. n.s. ns?®  -0477° n.s. 0.653 0.441°
CS n.s. n.s. n.s. n.s.! n.s.? n.s.! n.s. n.s. n.s.
MeHg CS+BC -0.590? n.s. n.s. n.s. ns.  0.813%2 n.s. n.s. n.s.
CS+SBFL n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. 0.756°
CS -0.691° 0.452° 0.533" ns!  0510%% -0651*'  -0528"  -0.594°
EtHy CS+BC -0.732% 0.526" 0.855° n.s. 0.578 ns?  -0565  -0.783%
CS+SBFL n.s. n.s. n.s. n.s. n.s. n.s.> n.s. n.s.

1n=20;%n=19;:%n=14

2 Correlation significant at 0.01 level, ® Correlation significant at 0.05 level, n.s. = not significant
DOC: dissolved organic carbon; CS: contaminated soil; BC: biochar; SBFL.: sugar beet factory lime
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PLFA results details

Results for PLFAs not attributed to SRB

The increases in CS and the treatments were particularly high for the two PLFAs 16:0 and
16:1. The PLFA 16:0 (palmitic acid) is found ubiquitous in most organisms and seems to
tolerate metal pollution (Mancuso et al., 1990; Frostegard et al., 1993). This fatty acid is
frequently among the dominating fatty acids found in the course of PLFA analysis (Feng et
al., 2003a; Zhao et al., 2011; Schaller et al., 2016). Willers et al. (2015) noted that it has
been repeatedly used as a general bacterial marker and indicated that this should be done
with care as 16:0 has been found in plants and thus all possible plant residues should be
removed from samples prior to analysis to avoid misinterpretation. In fact, Mancuso et al.
(1990) used the sum of the relative abundances of i15:0 and a15:0 in their samples as rep-
resentative of the bacterial component of the microbial community and divided it by the
relative abundance of 16:0 as ubiquitous PLFA in most organisms to obtain an indication
of the proportion of bacteria. The “unidentified” 16:1 is a summed aggregate that compris-
es some structurally similar fatty acids which may include fatty acids such as 16:1®9,
16:1w7¢c, and 16:1w7t. The fatty acid 16:1m5c¢ is not included, since it was determined by
another peak. High abundances of the fatty acids 16:0, 18:109c, and 16:1w7 were also
attributed to cyanobacteria, while 16:107 and 18:10w9¢c, as well as Cig- and Cig-
polyunsaturated acids, have been used as indicators for cyanobacteria (Zhang et al., 2007,
Buhring et al., 2014). However, the fatty acids 16:1o7c and 18:1®7c can also be ascribed
to sulfur-oxidizing bacteria (SOB) (Elvert et al., 2003; Jiang et al., 2012). According to
Jiang et al. (2012) the fatty acids 16:0, 16:1w7c, and 18:1®7c can be found in SRB but
their contents should not be higher than those of the characteristic biomarkers of SRB in
this case. When attributed to SOB 16:0, 18:1w7c, and 16:1®7¢ may indicate the presence
of Beggiatoa, Thioploca and other SOB (Jiang et al., 2012). The fatty acid 18:1®9¢ which
showed a strong increase as well is not only attributed to cyanobacteria but also to sapro-
trophic fungi (Chowdhury and Dick, 2012; Kao-Kniffin and Zhu, 2013; Pan et al., 2016).
The fatty acid 18:1@9t is associated with bacteria (Ngosong et al., 2011; Kao-Kniffin and
Zhu, 2013).
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Appendix B: Supporting information for Chapter 5
DOC, Fe, Mn, and SO, results

Concentrations of DOC in CS and the biochar treatments showed an almost opposite be-
havior to Ey (Fig. 5-3). The highest concentrations (2.78, 2.79, and 2.75 g/l) were meas-
ured at the lowest Egs (-110, -116, and -109 mV). However, in CS and CS+BC200 slight
increases in DOC were found even though Ey was increasing. Moreover, when the Ey was
lowered after highest values had been reached DOC concentrations kept on declining de-
spite decreasing En. Nevertheless, a strong negative correlation between DOC and Ey was
found for CS and the biochar treatments (r = -0.66, r = -0.71, and r = -0.73). This opposing
trend has been found several times (e.g. Kim et al., 2014; Rinklebe et al., 2016b; Appendix
A) and may be attributed to the reductive dissolution of Fe(lll) under anoxic conditions
with the simultaneous release of DOC and Fe(ll) from soil given the importance of Fe(lll)
as sorbent for humic compounds of terrestrial organic carbon (Peter et al., 2016; Dadi et
al., 2017). Another explanation may be the degradation of OM to DOC by microbial reduc-
tive fermentation and hydrolysis (Aguilar and Thibodeaux, 2005; Brocke et al., 2015;
Appendix A). Increasing Ey is usually accompanied by decreasing DOC concentrations in
the course of flocculation (formation of stable organic complexes with Fe(l11)) and miner-
alization (Lalonde et al., 2012; Kim et al., 2014; Peter et al., 2016).

Only modest increases in DOC release were detected as a result of the biochar amendment
when maximum DOC concentrations were compared. Mean DOC concentrations in
CS+BC500 were even lower than in CS (Table 0-3). Substrate characteristics exert influ-
ence on DOC production (e.g. Kim et al., 2014). The addition of biochar can intensify the
microbial activity promoting respiration and fermentation processes in the substrate which
may lead to a higher release of DOC (Beiyuan et al., 2017). A biochar induced increase in
DOC concentrations did not become obvious in our experiment. One possible explanation
for this is enhanced microbial carbon consumption (Yu et al., 2007; Abel et al., 2012;
Husson, 2013). The last named process may have also exerted influence on the evolution
of DOC concentrations at higher Ey, being another factor that diminishes DOC concentra-
tions next to co-precipitation with iron oxides.

The concentrations of Fe and Mn in CS and the biochar treatments showed a similar pat-
tern under highly reducing conditions and reducing conditions up to 0 mV. Until the third
sampling at ~ -50 mV Fe and Mn concentrations were slightly increasing and significantly

increased at the fourth sampling around 0 mV. This is in good agreement with literature
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since bioreducible Fe and Mn compounds are in a reduced state at a Ey of 0 mV
(Mansfeldt, 2004; DeLaune and Reddy, 2005; Pezeshki and DeLaune, 2012). Following
En 0 mV dissolution behavior of Fe and Mn proceeded differently. Iron concentrations in
CS and the biochar treatments were found to be highest at Ey 0 mV and were already con-
siderably lower at the ensuing sampling at ~ 100 mV. The lowest concentrations of dis-
solved iron were measured at an Ey of 282 mV in CS (0.83 mg/l), an Ey of 264 mV in
CS+BC200 (0.98 mg/l), and an Ey of 201 mV in CS+BC500 (2.42 mg/l). Such a decline of
dissolved Fe concentrations in line with increasing En, particularly at higher En, has been
repeatedly described before and is most likely provoked by the formation of Fe oxyhydrox-
ides (Frohne et al., 2015; Munger et al., 2016). The general pattern of Fe concentrations in
CS and the biochar treatments was similar. A distinct decline of Fe concentrations fol-
lowed the strong increase at E4 ~ 0 mV and slight increases in Fe were found in
CS+BC500 starting at E 278 mV, while the increases of Fe in CS and CS+BC200 begun
after the highest Ey. Interestingly, it was found that in CS and CS+BC200 there was a very
good agreement in the Fe concentrations measured for the first and second sampling at Ey
window 200 mV indicating the influence of Ey on Fe dissolution from the substrate. This
parallelism was not found for the two samplings of Ey window 100 mV, which can be at-
tributed to a carry-over effect triggered by the strong Fe increase at E4 ~ 0 mV. However,
the somewhat stronger increase of Fe concentrations found in CS+BC500 in the course of
the last three samplings may have been partly induced by lower pH values as particularly
strong Fe increases were observed for one microcosm (MC) in which the pH was below
4.6 during the last three samplings (data not shown). Such increases in Fe concentrations
under moderately reducing conditions (100-400 mV) or comparatively high Ey at decreas-
ing pH has been reported in earlier studies (Rinklebe et al., 2016a; Shaheen and Rinklebe,
2017; Appendix A). It is likely that Fe is dominant as Fe(ll) in the dissolved phase under
the prevailing Ex-pH-conditions in our experiment as indicated by (Takeno, 2005). Even
though we assume that the changing pH stimulated the increase in dissolution of Fe at
higher Ey a correlation between Fe and pH was missing in CS+BC500 as well as in CS and
CS+BC200. In general, the BC500 amendment clearly promoted the dissolution of Fe,
while the differences in Fe release between CS and CS+BC200 were less pronounced
when mean concentrations were compared (Table 0-3).

In contrast to Fe no sharp decline in dissolved Mn concentrations was found following the
sampling at E4 ~ 0 mV. The concentrations of Mn remained fairly constant with slightly

higher concentrations found at the first sampled Ey 200 mV window which is in good
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agreement with DeLaune and Reddy (2005) who indicated that oxidized manganese com-
pounds are reduced and Mn(ll) is released around Ey 200 mV (Fig. 5-2). Contrarily to CS
and CS+BC200 the decline in Mn concentrations following the first 200 mV sampling was
very moderate in CS+BC500 and the highest mean Mn concentration was calculated for
the last sampling at the second Ey of 100 mV. This deviation in CS+BC500 was again in-
duced by the one MC in which the pH had fallen below 4.6 during the last three samplings.
Similar to Fe the more distinct shift in pH in this MC induced stronger Mn dissolution. In
general, the pH was the main factor governing the dissolution of Mn in our experiment.
Very strong negative correlations were calculated for Mn and pH in CS and the biochar
treatments (r = -0.94; p < 0.00001; n = 36 in CS, r = -0.91; p < 0.00001; n = 36 in
CS+BC200, and r = -0.89; p < 0.00001; n = 34 in CS+BC500). Analogous positive correla-
tions were found between Mn and Ey (r = 0.66; p < 0.00005; n =36 in CS, r = 0.64; p <
0.00005; n = 36 in CS+BC200, and r = 0.75; p < 0.00001; n = 34 in CS+BC500). Increas-
ing concentrations of soluble Fe and Mn associated with reductive dissolution under low
En is often observed in soils (Charlatchka and Cambier, 2000; Frohne et al., 2015).
Mansfeldt (2004) detected the appearance of dissolved Mn(ll) below an Ey of 350 mV,
and of Fe(ll) below 0 to 50 mV in soil solutions with pH values between 7.4 to 7.8. Even
though we have to consider that Mn and Fe reducing conditions may develop at higher Ey
in our experiment due to the influence of lower pH values (mean values (all) between 5.6
and 5.8) (Karathanasis et al., 2003; Takeno, 2005) these findings are in good agreement
with our results. Similarly, Fe(ll) concentrations in slurry disappeared/declined between Ey
~ 0 mV and ~ 100 mV. Probably provoked by the formation of Fe oxyhydroxides. Also,
we did not detect a considerable decrease of dissolved Mn concentrations in our experi-
ment which would indicate the formation of Mn oxyhydroxides such as Mn,03;, MnOOH,
and MnOy (Mora et al.,, 2017). Due to the lower pH in our experiment compared to
Mansfeldt (2004) we may suggest that oxidation of Mn under our experimental conditions
may have started at Ey > 350 mV leading us to conclude that the formation of Mn oxyhy-
droxides in our experiment with a maximum measured Ey of 307 mV is unlikely. Moreo-
ver, it is known that the reaction of Mn(ll) with O, is slow compared to the reaction be-
tween Fe(ll) and O,. Ferrous iron rapidly precipitates under aerobic circumneutral condi-
tions while Mn(I1) oxidation is rather mediated by microorganisms and Mn(Il) may there-
fore persist in aerobic water (Morgan, 2005; Duckworth et al.,, 2017). Consistently,
Munger et al. (2016) found that hypolimnetic oxygenation was suitable to decrease dis-

solved Fe(ll) concentrations in a slightly acidic to neutral (pH 5.6 to 7.5) hypolimnion,
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while their results indicated that the removal of soluble Mn is also linked to the activity of
Mn-oxidizing organisms and favored at neutral to alkaline pH. The strong influence of pH
on Mn dissolution is supported by the strong correlations found in our experiment.

The mean concentration of SO,* in CS+BC200 (37.5 mg/l) was higher than in CS+BC500
(35.2 mg/l) and CS (33.4 mg/l) and the maximum concentration of dissolved SO,* was
found in CS+BC200 as well (94.2 mg/l) (Table 0-3, Fig. 5-2). However, the differences
between CS and the biochar treatments were not very pronounced. Sulfate concentrations
in CS and the biochar treatments were fairly constant under highly reducing conditions and
reducing conditions up to 0 mV. The pattern changed at higher En. A slight increase could
be observed at the first 100 mV window in CS+BC500. A somewhat higher increase was
detected in CS+BC200 at the first 200 mV window, while a perceivable increase in CS
was determined for the last sampling at the second 100 mV window (Fig. 5-2). Correla-
tions between SO,* and Ey or pH were missing for CS and the biochar treatments. In gen-
eral, the major process of SO,* formation in sediments is the reoxidation of reduced S
compounds (Holmer and Storkholm, 2001; Fike et al., 2015). For example, when organic S
is mineralized or decomposed and thereafter oxidized higher SO,* concentrations in solu-
tion can be expected (Lewicka-Szczebak et al., 2009). Research indicated that the form of
sulfur (soluble sulfate and readily degradable organic S forms) present in tissues of decay-
ing OM may be more important than total S concentrations (Singh et al., 2006; Churka
Blum et al., 2013). Churka Blum et al. (2013) found that biochar amendment resulted in
increasing SO, release. The latter authors monitored the influence of different plant resi-
dues and corn stalk biochar pyrolyzed at 450 °C added in the same amount of total S on S
mineralization and immobilization in an Oxisol. Their results indicate that most of S bond-
ed to C within corn stalks was thermally decomposed during pyrolysis, while ester-S and
fractionally inorganic sulfate concentrated in the charred material. The ester-S of the bio-
char was then quickly converted to inorganic SO,* which resulted in a higher initial re-
lease of SO,* from biochar amended soil compared to other treatments (Churka Blum et
al., 2013). The comparatively low increase in SO,> resulting from the biochar amendment
in our experiment may have been provoked by higher dissimilatory or assimilatory SO,*
reduction which constitute the main sink of SO, in freshwater systems (Lewicka-
Szczebak et al., 2009). This suggestion is supported by findings of Easton et al. (2015)
revealing that biochar significantly increased microbial SO4* reduction.
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Table 0-3: Redox potential (Ey), pH, concentrations of MeHg and EtHg in the slurry, as well as concentrations of Hg, and other ele-
ments/compounds in the slurry filtrate of the contaminated soil (CS), the contaminated soil plus Biochar 200 (CS+BC200), and the contami-
nated soil plus Biochar 500 (CS+BC500) during the experiment.

Contaminated soil

Contaminated soil + Biochar 200

Contaminated soil + Biochar 500

Parameter Unit

N Minimum Maximum Mean N Minimum Maximum Mean N Minimum Maximum Mean
Ejall 11,856 -126 300 86 11,910 -150 307 80 11,575 -119 302 90
E4’ ] 36 -113 296 76 36 -132 300 74 34 -118 296 82
pH all 11,860 4.9 7.0 5.8 11,915 4.8 7.5 5.8 11,415 45 6.9 5.6
pH? 36 5.0 6.9 5.7 36 4.8 6.6 5.7 34 4.5 6.6 55
Ho [no/l] 36 1.78 52.00 12.96 36 0.99 51.81 11.88 34 0.91 35.30 10.03
MeHg 35 21.30 406.00 87.74 36 11.10 392.00 80.39 34 11.20 210.00 75.49
EtHg ol 33 3.10 17.10 7.36 34 2.30 17.90 6.93 32 2.80 20.80 6.96
DOC [o/1] 36 1.33 2.80 2.31 36 1.66 2.82 2.33 34 1.31 2.84 2.14
SUVAz, [I/mg C/m] 36 0.07 0.12 0.09 36 0.07 0.19 0.10 34 0.07 0.31 0.11
Cr 36 49.98 156.26 91.48 36 46.54 157.62 88.02 34 55.11 172.72 98.42
S0 36 25.57 76.94 33.36 35 23.79 94.19 37.52 34 23.90 63.94 35.17
Fe ol 36 0.56 106.94 9.46 36 0.47 183.85 10.21 34 0.39 187.66 18.68
Mn 36 5.68 73.60 30.92 36 6.97 76.08 25.32 34 6.66 70.57 34.48

DOC: dissolved organic carbon; N: number of samplings/measurements; * means of data 6 hours before sampling
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Table 0-4: Correlation coefficients (Pearson) between total dissolved mercury (Hg.), mercury species (MeHg and EtHg), and factors control-
ling their release dynamics (Ex6, pH6, DOC, SUVA,5, CI, S0,%, Fe, Mn) (n = 36) of the contaminated soil (CS), the contaminated soil +
Biochar 200 (CS+BC200), and the contaminated soil + Biochar 500 (CS+BC500).

Soil =) pH6 DOC  SUVAuu cr S04 Fe Mn EtHg MeHg
CS -0.804° 0.845° 0.710° 0.559°  -0.603* n.s. n.s. -0.763*  0.737%®*  ns.
Hg.  CS+BC200 -0.685° 0.664% 0.638° 0.344>  -0537* ns. n.s. -0.618°  0.530%°  ns.
CS+BC500  -0.728%2  0.759%2  0.734%?  ns. -0.453%%  ns. n.s. -0.786%%  0.609%*  n.s.
CS n.s. n.s. 0.357%1 n.s. n.s. n.s. n.s. n.s. 0.547%3
MeHg CS+BC200 n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s.
CS+BC500 n.s. 0.343"% 04572  ns. n.s. 0.457%2  n.s. -0.530%2  ns.
CS -0.626%°  0.540%°  0.463*% 0376”3 -0530%° ns. n.s. -0.532%3
EtHg  CS+BC200 n.s. n.s. n.s. n.s. n.s. n.s. 0.458%%  -0.364%2
CS+BC500  -0.383"*  ns. 0.367%*  ns. n.s. n.s. n.s. -0.362%4

1n=352n=34%n=33:*n=32

& Correlation significant at 0.01 level, b Correlation significant at 0.05 level, n.s. = not significant

DOC: dissolved organic carbon; SUVAgs,: specific UV absorbance at 254 nm; SO,*: sulfate
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Appendix C: Supporting information for Chapter 6
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Table 0-5: Concentrations of dissolved elements, compounds, as well as redox potential (Ey) and pH in sampled solutions during the experi-

ment (Saale 1).

Saale 1

Parameter  Unit Precipitation (PCPN) depth 30 cm depth 60 cm depth 100 cm Groundwater (GW)

N Minimum Maximum Mean | N Minimum Maximum Mean | N Minimum Maximum Mean | N Minimum Maximum Mean | N Minimum Maximum Mean
En [mV] - - - - 55 208 906 485 |55 174 911 485 |55 170 879 386 - - - -
pH 18 45 7.0 6.3 |28 6.0 8.1 69 |22 6.8 8.6 7.7 |26 7.1 8.8 81 |50 4.4 8.3 7.6
Hg(ll) [pg/ml] 18  12.00 73.00 334930 9.50 177.00 3521 |23 4.50 95.25 29.68 | 27 5.00 76.00 2375 | 51 4.00 80.00 25.92
DOC 18 2.13 63.00 1651(28 1050 61.90 2718 |22 1747 59.45 25.16 | 26 4.85 40.45 22.36 |51 3.55 42.90 11.00
S 18 1.49 5.72 3.01 (34 1042 13945 8197 |26  53.86 23347 126.13 30  24.89 236.70  161.56 (49  18.07 233.80 194.93
S0 [ma/l] 16 3.67 27.35 10.50 | 28 29.81 405.58 240.15|24 156.81 771.06  386.40 | 28 77.44 798.57  479.82 | 47 47.60 82479  574.06
cr 16 1.69 9.94 391 (28 1471 19750 11166 |24  43.08 368.10 181.30 (28  51.44 430.71 24351 (47 2156 542.85 338.54
Br 16 0.02 0.35 0.08 |27 0.02 0.35 0.08 |23 0.02 0.35 0.08 |27 0.02 0.35 0.09 |46 0.02 0.56 0.11
EC [uS/cm] 18 49.0 290.0 1124 | 26 395.3 1847.0 11946 | 22 905.0 2576.7 1584.3 | 25 470.0 2860.0 1974.0 | 51 333.0 2850.0 2279.7
PWP [mbar] - - - - 49  -254.7 815.8 132.1 |49  -318.3 778.5 166.0 | 47  -340.9 766.0 1713 | - - - -
Soil t [°C] - - - - |50 0.97 17.17 9.60 |50 3.28 16.94 10.22 | 49 4.86 14.82 10.24 | - - - -
Soil 6 [%] - - - - |50 1945 53.92 30.79 |50  18.49 49.61 29.15 (49 17.62 49.35 2830 | - - - -

DOC: dissolved organic carbon

EC: electrical conductivity

PWHP: pore water pressure

Soil t: soil temperature

Soil 6: soil moisture content

N: number of samplings/measurements
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Table 0-6: Concentrations of dissolved elements, compounds, as well as redox potential (Ey) and pH in sampled solutions during the experi-

ment (Saale 2).

Saale 2

Parameter  Unit Precipitation (PCPN) depth 25 cm depth 60 cm depth 100 cm Groundwater (GW)

N  Minimum Maximum Mean| N Minimum Maximum Mean | N Minimum Maximum Mean | N Minimum Maximum Mean | N Minimum Maximum Mean
En [mVv] - - - - |63 -314 704 393 |63 -350 630 379 |63 -306 608 371 | - - - -
pH 19 4.6 7.6 6.3 |34 4.8 7.6 6.6 |31 6.6 8.7 76 |28 7.3 85 79 |61 6.5 8.4 7.6
Hg(I1) [pg/ml] 16 9.00 78.00  28.29 |27 8.00 71.67 31.65 | 24 4.00 86.50 3257 | 23 5.00 43.50 26.02 |51 5.00 61.50 24.75
DOC 19 6.50 78.80 235133 20.83 51.10 29.21 |31 18.76 43.27 25.46 | 28 7.74 43.50 23.98 | 62 3.64 29.70 10.75
S 19 1.73 10.75 4.75 | 45 14.37 23320 102.11|38 34.19 330.00 154.66 | 32 46.76 343.50 197.72 | 63 19.76 288.10 186.21
SO [mg/] 16 5.08 28.77 1349 (32 111.30 656.52 278.19 |33  101.99 1022.11 44654 |29 115.96 107740 611.25(56  47.60 82450  549.17
Ccr 16 1.52 15.49 5.76 | 32 27.44 236.44  107.24 | 33 36.34 728.23 22853 |29 68.80 789.60  362.72 | 56 21.56 692.16  387.25
Br 15 0.02 0.35 0.08 |31 0.02 0.49 0.09 |32 0.02 0.49 0.10 |29 0.02 0.40 0.11 |54 0.02 1.08 0.12
EC [uS/em] 19 86.3 3740  146.0 |33  413.0 23100 1294332 5310 3660.0 1784228  646.0 4270.0 23750 (61  415.0 3470.0 24188
PWP [mbar] - - - - |50 -2939 743.9 125.0 |56 -3184 693.9 184.8 |53  -357.9 765.8 1705 | - - - -
Soil t [°C] - - - - |59 2.27 18.46 10.73 | 59 3.25 17.51 10.74 | 59 5.10 16.26 1093 | - - - -
Soil 6 [%] - - - - 59 27.13 65.46 47.94 | 59 22.97 62.42 38.29 | 59 27.49 53.55 4132 | - - - -

DOC: dissolved organic carbon

EC: electrical conductivity

PWHP: pore water pressure

Soil t: soil temperature

Soil 6: soil moisture content

N: number of samplings/measurements
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Table 0-7: Correlation coefficients (Pearson) between Hg(ll) and factors potentially influencing its release at the study sites Saale 1 and
Saale 2.
Hg species  po ot E, pH DOC Br cr oka s EC PWP Soil tempera- ¢ 4y oisture
& location ture
30 cm n.s. n.s. n.s. n.s. -0.466" @7 n.s. n.s. n.s. n.s. n.s. n.s.
60 cm n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s.
Hg(11) 100 cm n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s.
Saalel n.s. n.s. n.s. n.s. -0.263% 7 n.s. n.s. n.s. n.s. n.s. n.s.
GW - n.s. n.s. n.s. n.s. 0.369% @0 0.318%49  pg, - - -
all + GW n.s. n.s. n.s. n.s. -0.188> (124 n.s. n.s. n.s. n.s. n.s. n.s.
Hg species i En pH DOC Br cr S0% s EC PWP Soil tempera- ¢ i oisture
& location ture
25 ¢cm -0.463% @9 n.s. n.s. n.s. n.s. n.s. n.s. n.s. -0.457% @ n.s. 0.461% @
60 cm n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s.
Hga) ~ 100cm n.s. -0.596% @ _0509% @) pg, n.s. n.s. 0.437°@®  ns. n.s. n.s. n.s.
Saale2 n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. -0.257" (66) n.s. 0.274" 69
GW - n.s. n.s. n.s. n.s. n.s. n.s. n.s. - - -
all + GW n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. -0.257" 9 n.s. 0.274% €

2 Correlation significant at 0.01 level, ° Correlation significant at 0.05 level, ®” number of samples, n.s. = not significant
GW: groundwater; DOC: dissolved organic carbon; EC: electrical conductivity; PWP: pore water pressure
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